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Capítulo 1 

 

Figura 1. Mapa global de pérdida y ganancia de cobertura forestal durante el periodo 2000-2019 (tomado 

de Hansen et al. 2013). Los colores indican el cambio y la densidad de cambio de cobertura forestal. 

 

Figura 2. Ilustración de los dos tipos de atributos de la estructura del paisaje y la heterogeneidad espacial: 

la heterogeneidad composicional y la configuracional. Cada cuadro representa un paisaje y cada color 

representa diferentes coberturas forestales. La heterogeneidad composicional aumenta con el aumento en 

el número y/o equidad de las coberturas. Por otro lado, la heterogeneidad configuracional aumenta con el 

incremento en la complejidad del patrón espacial (modificado de Fahrig et al. 2011).  

 

Figura 3. Patrones de distribución de especies de mamíferos amenazadas en el mundo (modificado de 

Ceballos y Ehrlich 2006).  

 

Figura 4. Imagen de una parte de la zona de estudio. En la parte inferior se observa la zona de Marqués de 

Comillas, altamente deforestada, mientras que en la parte superior se observa la Reserva de la Biósfera 

Montes Azules. Foto: Santiago Arau.  

 

Figura 5. Ejemplos de cambio de uso de suelo en la zona de Marqués de Comillas en la Selva Lacandona, 

Chiapas. A) Deforestación de un sitio de bosque tropical para el establecimiento de plantaciones o 

pastizales de pastoreo; B) matriz antrópica, con un cultivo de palma de un lado y un terreno listo para la 

agricultura (probablemente maíz o chile).  

 

Figura 6. Ubicación geográfica del área de estudio y de los sitios incluidos en el estudio, 4 sitios de bosque 

continuo y 23 fragmentos de bosque. En la parte izquierda de la imagen de encuentra la Reserva de la 

Biósfera de Montes Azules, mientras que en la derecha se encuentra la Región del Marqués de Comillas; 

están separadas por el Río Lacantún. 
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Figure 1. Increase of published studies on tropical and subtropical terrestrial mammals, using a landscape 

approach, through time. The earliest articles including these criteria were published in 2004. 

 

Figure 2. Percentages (and numbers inside bars) of positive, negative and null effects of each landscape 

composition variable (habitat amount, habitat heterogeneity, landscape quality index, matrix composition 

and matrix contrast) on all recorded responses (abundance, diversity, health, occurrence and human 

conflicts). 

 

Figure 3. Percentages (and numbers in bars) of positive, negative and null responses of landscape 

configuration variables (connectivity, matrix configuration, aggregation index, fragmentation and edge 

metrics) for all of the response variables (abundance, diversity, health, occurrence and human conflicts) 

registered. 

 

Figure 4. Percentage of species (a) and studies (b) registered for each of the 18 mammal orders recorded 

in existing landscape scale studies assessing tropical and subtropical terrestrial mammals.   

 

Figure 5. Mammal responses (positive, negative, non-significant) to habitat amount, matrix composition, 

connectivity and fragmentation metrics, classified according to their size (large, medium and small).  

 

Figure 6. Mammal responses (positive, negative, non-significant) to habitat amount, matrix composition, 

connectivity and fragmentation metrics, classified according to their diet (carnivores, herbivores and 

omnivores).  
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Figure 1. Location of the study sites in the Lacandona rainforest, Mexico. Points represent the center of 

each site, where rodent surveys were carried out. From the geographic center of each site we estimated 

the structure of seven different-sized landscapes (see example in the top left side of the map). Circles 

surrounding each point represent the largest buffer (1400-m radius). 



 vi 

 

Figure 2. Effect of temporal (2016-2010) differences in landscape structure on temporal trends in rodent 

abundance in the Lacandona rainforest, Mexico. We show the sum of Akaike weights (Swi) of each 

landscape predictor (bars). The sign (+/−) of parameter estimates are indicated with different colors: grey 

bars for positive responses, and black bars for negative responses (see averaged parameters and associated 

unconditional variances in Table 3). We also indicate values of pseudo-R2, i.e., the percentage of 

explained deviance by complete models. Each landscape metric was measured at the optimal scale (see 

Table A2 in supplementary material). 

 

Figure A1 Temporal differences (2016-2010) in landscape structure measured in landscapes of 1400-m 

radius surrounding nine forest patches in the Lacandona rainforest, Mexico. Changes between years are 

indicated in percentage [i.e., (value in 2016 – value in 2010) * 100/value in 2010]. Positive values indicate 

that a given landscape variable increased through time, whereas a negative value indicates the opposite. 

Site numbers in Y-axis correspond to those shown in Fig. 1 from the main text.  

 

Figure A2 Temporal changes in the abundance of four rodent species in the Lacandona rainforest, Mexico. 

Temporal trends within each of the 12 study forest sites were assessed with Spearman correlations. In 

particular, we related the abundance of each species within each site to time (i.e., four survey years, 2011, 

2012, 2014 and 2016). Boxplots show median (central line), 25th and 75th percentiles (box), and outliers 

of correlation coefficients. 
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Figure 1. Location of the 22 forest sites in the Lacandona rainforest, Mexico. Points represent the center 

of each site. From the center of each site we estimated the spatial structure of seven different-sized 

landscapes. Circles surrounding each point represent the largest buffer, i.e. 1400-m radius. (a) Close-up 

in white point, representing the land-cover classification used (i.e. old-growth forests, secondary forests, 

annual crops, arboreal crops, cattle pastures, human settlements and water) and the different-sized 

landscapes surrounding each site (radii of 200 m to 1,400 m, at 200-m intervals, from the center of each 

forest site). (b) Schematic map, showing the Montes Azules Biosphere Reserve, and the Marqués de 

Comillas region. (c) Location map.  
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Figure 2. Effect of landscape structure change (landscape ∆s) between 2016 and 2010 on changes in 

population parameters (primate ∆s) of black howler monkeys (Alouatta pigra) between 2017 and 2011 in 

the Lacandona rainforest, Mexico. We assessed changes in primate abundance (a), and immature-to-

female ratio (b). We present the sum of Akaike weights (Swi) of each landscape predictor, showing both 

positive parameter estimates (black), and negative parameter estimates (grey). We also indicate the values 

of pseudo-R2, i.e. the percentage of deviance explained by complete models. Values at the right side of 

each bar are the scale of effects (i.e. radius in meters of landscape buffers) of each landscape metric on 

each response (see details in Table A2). 

 

Figure A1. Conceptual design of our methodological approach.   

 

Figure A2. Temporal differences (2016-2010) in the structure of landscapes (1400-m radius from the 

center of each patch) containing 19 forest patches in the Lacandona rainforest, Mexico. Changes between 

years are indicated in percentages: i.e. (2016 value – 2010 value) *100/2010 value. Positive values indicate 

an increase in a given landscape metric, whereas negative values indicate the opposite. Forest patches are 

arranged according to their original size (2010), from the smallest (1) to the largest (19). 
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Figure 1. Location of the Lacandona region, Mexico (a), and forest sites studied in the Montes Azules 

Biosphere Reserve (large forest area in the upper left) and Marqués de Comillas region (right side), which 

are separated by the Lacantún River (b). We sampled terrestrial mammals in 22 forest patches and 4 

continuous forest sites (white points in b), but 6 patches (in yellow) were excluded from the analysis 

because they showed a low sample coverage (see Methods). We measured landscape variables in different-

sized landscapes surrounding each site (200-1,400-m radius, at 200-m intervals, from the center of each 

site) (c). White circles in (b) represent the largest landscape size. 

 

Figure 2. Relative frequency distribution of medium and large terrestrial mammal species across forest 

patches (n = 16) in the Lacandona rainforest, Mexico. We sampled mammals in the same sites in 2011 

and 2017, registering the same 21 species in both years. 
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Figura 1. Fotografía aérea de la zona de estudio. En la parte superior se observa la Reserva de la Biósfera 

Montes Azules, en la parte inferior se observa la región del Marqués de Comillas, altamente deforestada 

debido al establecimiento de sembradíos (principalmente maíz). 

 

Figura 2. Rata algodonera (Sigmodon toltecus) capturada en los muestreos en un sitio de bosque continuo 

en la Selva Lacandona, Chiapas. 

 

Figura 3. Mono aullador negro (Alouatta pigra) registrado durante los muestreos en un sitio de bosque 

continuo, en la Selva Lacandona, Chiapas. 

 

Figura 4. Tapir (Tapirus bairdii; a) y jaguar (Panthera onca; b) en un parche de bosque muestreado en la 

Selva Lacandona, Chiapas. 

 

Figura 5. Foto aérea del sitio de estudio. Del lado derecho se observa el bosque continuo, dentro de la 

Reserva de la Biósfera de Montes Azúles, mientras que a la izquierda se ve el paisaje antropogénico, 

formado por diferentes tipos de uso de suelo (cultivos anuales y arbóreos, sitios de pastoreo, carreteras, 

bosques secundarios).
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Table 1. Response variables used in the studies analyzed. We show a classification of the response 

variables, the number of records for each response category, their response to landscape structure 

attributes (i.e., percentage of positive and negative responses), and the different response variables 

included in each category. 
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Table 1. Landscape spatial structure surrounding 12 forest sites in 2010 and 2016 in the Lacandona 

rainforest, Mexico. Mean (± SD) values are indicated for a 1400-m radius landscape from the center of 

each forest site. Differences between years were evaluated with repeated measures models. 
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Table 2. Mean (± SD) number of rodent individuals recorded in 12 forest sites in the Lacandona rainforest, 

Mexico. Differences among years were tested with repeated measures mixed models.   

 

Table 3. Results of information-theoretic based model selection and multimodel inference for assessing 

the impact of the change in landscape metrics (considering the scale of effect; see scales in Table 4) on 

the changes in the abundance of four rodent species in the Lacandona rainforest, Mexico. We present 
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predictor. Note that all b estimates (i.e., slopes) are higher than their respective UV values, which suggests 
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Table 1. Definition and ecological justification of the landscape metrics assessed in the study.  
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landscape predictor. All b estimates (i.e. slopes) are higher than their respective UV values, which 

suggests confidence in the estimation of b values (Burnham and Anderson 2002). 
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kg); feeding guild = carnivores (carnivores and insectivores), omnivores, and herbivores (herbivores and 

frugivores); and whether they are forest specialists or not. In parenthesis, we show the number of species 

included under each category. Significant coefficients are indicated with asterisks (* P < 0.05, ** P < 

0.005). 
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Resumen 

Los mamíferos constituyen un grupo diverso en los ecosistemas tropicales y juegan papeles clave en el 

mantenimiento de las funciones de estos ecosistemas. Sin embargo, 25% de las especies están amenazadas 

de extinción y la mayoría de las especies tienen poblaciones en declive, principalmente debido a 

actividades humanas como la deforestación, el comercio ilegal y la cacería. Las especies tropicales están 

particularmente amenazadas (e.g. ~60% de los primates están amenazados) ya que los trópicos están 

sufriendo las mayores tasas de deforestación a nivel global. Además de reducir la cantidad de hábitat, la 

deforestación genera otros cambios espaciales, como la fragmentación, el incremento de bordes forestales 

y la expansión de diferentes tierras productivas (e.g. cultivos, pastizales, asentamientos humanos). 

Entender cómo responden las especies a estos cambios espaciales es fundamental para diseñar estrategias 

de manejo y conservación adecuadas. Sin embargo, nuestro conocimiento sobre este tema es muy limitado, 

ya que la mayoría de los estudios en paisajes deforestados realizan evaluaciones puntuales en el tiempo, 

y no consideran los cambios temporales en la estructura del paisaje. 

La presente tesis tiene como objetivo conocer las respuestas de los mamíferos a los cambios 

temporales (2011 - 2017) en la estructura espacial del paisaje en la selva Lacandona, Chiapas. Para cumplir 

con este objetivo, primero se incluye una introducción general (Capítulo I) y se revisa el tema a nivel 

global (Capítulo II). Los capítulos III, IV y V evalúan las respuestas de las comunidades de mamíferos a 

los cambios temporales en el paisaje en la selva Lacandona. Primero estudiamos la comunidad de roedores 

terrestres para probar la hipótesis de la rodentización (Capítulo III). Segundo, estudiamos la población de 

monos aulladores negros – una especie amenazada de extinción – para evaluar el cambio en sus 

poblaciones y su relación con los cambios en la estructura del paisaje a través del tiempo (Capítulo IV). 

Tercero, analizamos los cambios en diversidad beta de mamíferos terrestres medianos y grandes para 

probar la hipótesis de la homogenización y diferenciación biótica (Capítulo V). Al final de la tesis 

(Capítulo VI), se discuten y analizan todos los capítulos en conjunto para evaluar cómo los cambios 

temporales en la estructura del paisaje afectan las comunidades de mamíferos en paisajes tropicales 

fragmentados.  

En la revisión, encontramos 289 estudios que evalúan la respuesta de mamíferos a cambios 

espaciales en el hábitat, pero sólo 113 utilizan un enfoque de paisaje. Estos estudios analizaron 1367 

respuestas de 304 especies a cambios espaciales en el paisaje, pero solamente el 13% de los estudios 

analizaron cambios temporales en el paisaje y su efecto sobre los mamíferos. La mayoría de estos estudios 
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utilizaron un enfoque sitio-paisaje y menos de un cuarto de los estudios analizaron la escala del efecto. De 

todas las respuestas analizadas más de la mitad fueron no significativas, casi tres cuartos analizaron su 

relación con variables de composición del paisaje, mientras que solo un cuarto evaluó su relación con 

variables de configuración. La cobertura forestal fue la variable más analizada y mostró una relación 

positiva con la mayoría de las variables de respuesta, principalmente con mamíferos amenazados, 

especialistas y de gran tamaño. Por otro lado, la composición de la matriz presentó mayormente respuestas 

negativas; sin embargo, se encontró que las respuestas de los mamíferos dependen en gran medida de la 

calidad de la matriz (e.g. los asentamientos humanos mostraron mayormente efectos negativos y los 

bosques secundarios presentaron solamente efectos positivos). La fragmentación per se mostró 

principalmente respuestas no-significativas y, cuando fueron significativas, fueron mayormente negativas, 

principalmente para carnívoros y mamíferos pequeños. Hacen falta estudios longitudinales que incorporen 

un diseño multi-escalar, que permita evaluar los efectos a largo plazo de los cambios espaciales en el 

paisaje en las poblaciones y comunidades de mamíferos.  

Al evaluar la comunidad de roedores, nuestros hallazgos apoyan parcialmente la hipótesis de la 

rodentización, ya que hubo un incremento significativo en la abundancia de roedores a través del tiempo. 

Los cambios en la estructura del paisaje tuvieron una gran influencia sobre los cambios en abundancias. 

Sin embargo, concluimos que el proceso de rodentización fue moderado, ya que sólo dos especies 

(Heteromys desmarestianus y Oryzomys sp.) aumentaron sus abundancias, mientras que una disminuyó 

(Peromyscus mexicanus) y otra (Sigmodon toltecus) no modificó su abundancia a través del tiempo. 

Nuestros resultados sugieren que, si las tasas de deforestación se mantienen, las poblaciones de especies 

especialistas podrían disminuir (especies “perdedoras”), pero algunas especies generalistas podrían 

proliferar (“ganadoras”).  

Por otro lado, al evaluar a las poblaciones de monos aulladores, encontramos un aumento en el 

número de individos y una disminución en la relación inmaduros/hembras, ambos parámetros fuertemente 

relacionados con los cambios en el paisaje a través del tiempo. Ambos parámetros aumentaron en paisajes 

donde el número de parches aumentó, pero el porcentaje de áreas abiertas en la matriz disminuyó. La 

densidad de borde presentó efectos negativos sobre la relación inmaduros/hembras. Los resultados 

sugieren que los monos aulladores podrían no ser tan tolerantes al disturbio como generalmente se piensa, 

por lo que es necesario implementar estrategias efectivas que permitan su conservación en paisajes 

antrópicos a largo plazo.  
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Por último, al evaluar los cambios en la comunidad de mamíferos terrestres medianos y grandes a 

través del tiempo, encontramos que la diversidad beta disminuyó a través del tiempo, lo que sugiere que 

puede estar ocurriendo un proceso de homogenización biótica. Estos cambios se debieron principalmente 

a una disminución en el componente de recambio, especialmente en paisajes en los que disminuyó la 

cobertura forestal y aumentaron las matrices arboladas. Por otro lado, el componente de anidamiento se 

triplicó a través del tiempo. Se encontró el mismo número de especies en 2011 y en 2017. Los resultados 

sugieren que el proceso de homogenización es probablemente causado por un aumento en la dispersión 

de las especies a través de los sitios de bosque remanentes. Futuras modificaciones en el paisaje, 

principalmente la pérdida de cobertura forestal, podrían provocar la pérdida de diversidad beta, 

exacerbando el proceso de homogenización biótica de la comunidad de mamíferos terrestres medianos y 

grandes en la región.  

En general, incrementar la cantidad de cobertura forestal en el paisaje parece ser la estrategia más 

importante para mantener y mejorar la calidad del paisaje para la biodiversidad. Para poder conservar a 

los mamíferos tropicales, especialmente a aquellas especies especialistas, dependientes de bosque, es 

necesario conservar la cobertura forestal en el paisaje, y aumentarla a través de la restauración, así como 

promover matrices “amigables”, que presenten una composición similar a la del bosque conservado (e.g., 

sistemas agroforestales, bosques secundarios). Adicionalmente, es importante mantener y promover la 

conectividad de los parches de bosque remanentes, disminuyendo las distancias entre los parches y 

manteniendo un mayor número de parches en el paisaje. Para algunas especies, como los monos aulladores 

inmaduros, reducir la densidad de bordes permitirá reducir su vulnerabilidad ante depredadores y 

actividades humanas, como atropellos, cacería y extracción para el comercio ilegal.  En conjunto, estas 

medidas permitirán disminuir los efectos negativos de las actividades humanas sobre los mamíferos 

tropicales, promoviendo su conservación en este importante hotspot de diversidad en Norteamérica.  
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Abstract 

Mammals are a diversified group in tropical ecosystems and represent a key role to the maintenance of 

their functioning. Yet, 25% of the species are threatened with extinction and most species have declining 

populations, mainly due to human activities such as deforestation, illegal trade and hunting. Tropical 

species are particularly threatened (e.g. ~60% primate populations are threatened) due to higher 

deforestation rates in the tropics. Besides resulting in habitat loss, deforestation generates other spatial 

modifications, such as fragmentation, the increase in forest edges and the expansion of productive lands 

(e.g. crops, pastures, human settlements). Understanding how species respond to these spatial changes is 

vital to design appropriate management and conservation strategies. Yet, our understanding on this matter 

is limited, as most of the studies conducted in deforested landscapes are punctual evaluations in time, and 

do not consider temporal changes in landscape structure.  

 This thesis’ objective is to assess mammal responses to temporal changes (2011 - 2017) in 

landscape spatial structure in the Lacandona rainforest, Chiapas. To achieve this objective, I first include 

a general introduction (Chapter I), and a revision on the subject at a global level (Chapter II). Chapter III, 

IV and V evaluate the responses of mammal communities to landscape temporal changes in the Lacandona 

rainforest. First, we studied the community of terrestrial rodents in order to test the rodentization 

hypothesis (Chapter III). Second, we studied the population of black howler monkeys – a species 

threatened with extinction – in order to evaluate changes in their populations and its relation to changes 

in landscape structure through time (Chapter IV). Third, we analyze changes in beta diversity of the 

community of medium and large terrestrial mammals, in order to test the biotic homogenization and 

differentiation hypotheses (Chapter V). At the end (Chapter VI), we discuss and analyze all chapters in 

order to evaluate how temporal changes in landscape structure affect mammal communities in tropical 

fragmented rainforests.  

In the global revision, we found 289 studies that assess the response of tropical mammals to spatial 

changes in their habitat, but only 113 used a landscape approach. These studies assessed 1367 responses 

of 304 species to landscape spatial changes, but only 13% assessed temporal changes in the landscape and 

their effect on mammals. Most of these studies used a site-landscape approach, and less than a quarter 

evaluated the scale of effect. Of all assessed responses, more than half were non-significant, almost three 

quarters analyzed their relation to landscape composition variables, and only a quarter analyzed their 

relation to landscape configuration variables. Forest cover was the most assessed variable, showing a 

positive relation to most response variables, mostly with endangered, forest specialist and large-sized 
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mammals. On the other hand, matrix composition mostly presented negative responses; yet, we found that 

mammal responses depend greatly on matrix quality (e.g. human settlements presented mostly negative 

effects, whereas secondary forests presented only positive effects). Fragmentation per se showed mainly 

non-significant responses and, when significant, they were mostly negative, mainly for carnivores and 

small mammals. Longitudinal studies are lacking, incorporating a multiscale approach, which allows to 

evaluate the long-term effects of landscape spatial changes on mammal populations and communities.  

When evaluating rodent community, our findings partially support the rodentization hypothesis, 

as we found a significant increase in rodent abundance through time. Changes in landscape structure had 

a great influence on changes in rodent abundances. Yet we concluded that the rodentization process was 

moderate, as only two species (Heteromys desmarestianus and Oryzoys sp.) increased in abundance, one 

decreased (Peromyscus mexicanus) and another (Sigmodon toltecus) did not change through time. Our 

results suggest that, if current deforestation rates are maintained, specialist species populations could 

decrease (“loser” species), but generalist species could proliferate (“winner” species).  

 On the other hand, while evaluating howler monkey populations, we found an increase in the 

number of individuals and a decrease in the immature/female ratio, both parameters strongly related to 

landscape changes through time. Both parameters increased in landscapes where the number of patches 

increased, but the percentage of open areas in the matrix decreased. Edge density showed negative effects 

on the immature/female ratio. Results suggest that howler monkeys could not be as tolerant to disturbance 

as generally thought, making it is necessary to implement effective strategies that allow their conservation 

in anthropic landscapes at the long term.  

Finally, when evaluating changes in the community of medium and large terrestrial mammals 

through time, we found that beta diversity decreased, which suggests a possible ongoing biotic 

homogenization process. These changes were mostly driven by a decrease in species turnover, especially 

in landscapes with decreasing forest cover and increasing treed matrices. The nestedness component 

showed a 3-fold increase through time. We found the same number of species on 2011 and 2017. Results 

suggest that the homogenization process is probably being caused by an increase in species dispersal 

through the remaining forest sites. Future landscape modifications, mainly forest loss, could result in the 

loss of beta diversity, exacerbating the biotic homogenization process of the mammal community of the 

region.  

In general, increasing the amount of forest cover in the landscape appears to be the most important 

strategy to maintain and improve the quality of the landscape for biodiversity. In order to conserve tropical 
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mammals, specially specialist, forest dependent species, it is necessary to conserve and increase the 

amount of forest cover in the landscape, though forest restoration, as well as to promote friendly matrices, 

similar to the preserved forest (e.g. corridors, tree plantations, forest management areas and secondary 

forests). In addition, it is important to maintain and promote the connectivity between remaining forest 

patches, decreasing the distances between patches and maintaining a higher number of patches in the 

landscape. For some species, such as immature howler monkeys, reducing the amount of forest edges will 

allow to reduce their vulnerability to predators and human-related activities, such as road-kills, hunting 

and extraction for illegal trade. Jointly, all these measures will allow to decrease the negative effects of 

human activities on tropical mammals, promoting their conservation in this important diversity North 

American hotspot.
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Introducción 

Las actividades humanas, como la ganadería, la agricultura, la minería y las actividades relacionadas con 

la generación de energía están ocasionando una rápida pérdida de bosques, afectando fuertemente a la 

biodiversidad. Las especies tropicales están particularmente amenazadas, ya que los trópicos están 

sufriendo las mayores tasas de deforestación a nivel global. En este contexto, es fundamental entender 

cómo la biodiversidad responde a estos cambios para diseñar estrategias de manejo o conservación, o 

paisajes amigables, apropiados para su protección.  

 

Cambio de uso de suelo en el mundo  

La pérdida y degradación de los bosques es uno de los mayores problemas ambientales a nivel mundial. 

De 1990 a 2015 se perdieron alrededor de 129 Mha de bosques (3.1%), reduciendo su extensión a menos 

de 4 mil Mha (FAO 2016; Fig. 1). Los bosques tropicales son los más afectados (Hansen et al. 2013, Song 

et al. 2008). Mientras que en los ecosistemas templados existe una ganancia neta anual de bosques de 2.7 

Mha, en los trópicos existe una tasa de deforestación neta anual de 5.5 Mha (Keenan et al. 2015).  Esta 

pérdida se debe principalmente a causas antropogénicas, derivadas de un acelerado crecimiento 

poblacional y una mayor demanda de recursos (Aide et al. 2013, FAO 2016). La gran mayoría de los 

ecosistemas tropicales han sido o están siendo afectados por el cambio de uso de suelo a gran escala (e.g. 

monocultivos, ganadería, minería) así como por otras perturbaciones (e.g. cacería, contaminación, cambio 

climático; Laurance et al. 2014), que han promovido la conversión de ecosistemas naturales a sistemas 

agropecuarios (Sachs et al. 2010, Malhi et al. 2014). Esta situación constituye la mayor amenaza para la 

biodiversidad terrestre mundial (Fahrig 2003, Malhi et al. 2014, Newbold et al. 2016, Watling et al. 2020), 

ya que se estima que los bosques tropicales son el principal hábitat de la biodiversidad terrestre mundial 

(Dirzo y Raven 2003, Wright 2005). 
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Figura 1. Mapa global de pérdida y ganancia de cobertura forestal durante el periodo 2000-2019 (tomado de Hansen et 

al. 2013). Los colores indican el cambio y la densidad de cambio de cobertura forestal.  

 

En México existe un acelerado proceso de cambio de uso de suelo. Se estima que al menos 50% 

de la superficie forestal original del país ha desaparecido o se ha deteriorado (Velázquez et al. 2002). Del 

2002 al 2019, México perdió un total de 602,000 ha de cobertura de bosque tropical primario, equivalente 

a una disminución del 6.5% (Global Forest Watch 2019). Los procesos de cambio de cobertura y uso de 

suelo, así como sus causas, son muy complejos y variados dentro de las distintas ecorregiones y estados 

(Ellis et al. 2017). En el país, cuatro estados representaron más de la mitad de la pérdida total de bosques 

en 2018: Chiapas, Oaxaca, Campeche y Veracruz. De 2002 a 2019, Chiapas perdió 164,000 ha de 

cobertura de bosque tropical primario (Global Forest Watch 2019).  

Las causas principales de la pérdida de bosques en el país incluyen la sobreexplotación de recursos 

(incluyendo la tala ilegal), incendios forestales y la expansión de la agricultura y ganadería (Hansen et al. 

2013, Global Forest Watch 2019). Al igual que los patrones de deforestación a nivel mundial, los bosques 

tropicales del país han sido más afectados que los bosques templados. Esta situación es altamente 

preocupante, ya que los bosques tropicales tienen los más elevados niveles de riqueza de especies que 

cualquier otro ecosistema terrestre (Challenger y Soberón 2008).  
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Paisajes antrópicos y su estructura espacial 

Los bosques tropicales están siendo rápidamente convertidos en paisajes antrópicos heterogéneos 

compuestos de parches de bosque rodeados de una matriz conformada por diferentes tipos de coberturas 

(Melo et al. 2013). Así, una proporción cada vez mayor de la biodiversidad global se encuentra en paisajes 

antrópicos fragmentados con diferente composición y configuración espacial (Fahrig et al. 2011).  

Existen diferentes definiciones de paisaje. Para propósitos de esta tesis, un paisaje se define como 

un área espacialmente heterogénea, compuesta por una mezcla de diferentes coberturas vegetales y tipos 

de uso de suelo (Foreman 1995, Turner y Gardner 2015). La estructura de un paisaje se define por su 

composición y su configuración espacial (Fig. 2). La composición se refiere a la cantidad y tipos de 

coberturas existentes dentro del paisaje (e.g., cantidad o porcentaje de cobertura forestal, cantidad o 

porcentaje de áreas abiertas en la matriz). Por otro lado, la configuración se refiere al arreglo espacial de 

cada cobertura dentro del paisaje (e.g., número de fragmentos de bosque, densidad de borde, aislamiento 

entre fragmentos; Dunning et al. 1992, Fahrig 2013).  

 
Figura 2. Ilustración de los dos tipos de componentes de la estructura del paisaje y la heterogeneidad espacial: la 

heterogeneidad composicional y la configuracional. Cada cuadro representa un paisaje y cada color dentro del cuadro 

representa diferentes coberturas forestales. La heterogeneidad composicional aumenta con el aumento en el número y/o 

equidad de las coberturas. Por otro lado, la heterogeneidad configuracional aumenta con el incremento en la complejidad 

del patrón espacial (modificado de Fahrig et al. 2011). 
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Tanto la composición como la configuración son aspectos importantes que definen la estructura 

del paisaje y pueden influenciar una variedad de respuestas ecológicas como el movimiento de individuos, 

la persistencia de poblaciones, la ocurrencia de interacciones bióticas y el funcionamiento de los 

ecosistemas, entre otros (Fahrig et al. 2011). Por lo tanto, los cambios en la estructura del paisaje pueden 

afectar la distribución y la abundancia de las poblaciones locales, así como los patrones de diversidad de 

las comunidades biológicas (Gascon et al. 1999). Por esto, entender el papel relativo de la composición y 

configuración del paisaje sobre la biodiversidad es fundamental para elaborar estrategias de conservación 

más efectivas (Fahrig et al. 2011, Arroyo-Rodríguez et al. 2020).  

 

Respuesta de la biodiversidad a los cambios en el paisaje 

La estructura del paisaje puede tener diversos y contrastantes efectos sobre la biodiversidad (Fahrig 2011; 

Arroyo-Rodríguez et al. 2019). El atributo más estudiado de la composición del paisaje es la cantidad de 

cobertura forestal (Fahrig 2003, 2013). Esta variable está positivamente relacionada con la conectividad 

del paisaje y la disponibilidad de alimentos, lo que aumenta el movimiento de los individuos, el tamaño 

de las poblaciones, la persistencia de las especies dependientes de bosque y la diversidad de especies 

(Fahrig 2003, 2013, Newbold et al. 2016). La pérdida de cobertura forestal en el paisaje tiene, 

generalmente, mayores efectos negativos sobre la biodiversidad que los atributos de configuración del 

paisaje, como la fragmentación per se (Fahrig 2003, 2017, Jackson y Fahrig 2016, Watling et al. 2020). 

De hecho, la “hipótesis de la candidad de hábitat” (i.e. “habitat amount hypothesis”; Fahrig 2013) propone 

que la densidad de especies dentro de un parche de hábitat depende en mayor medida de la cantidad de 

hábitat en el paisaje que rodea a dicho parche, que del tamaño o aislamiento del parche (Fahrig 2013, 

Arroyo-Rodríguez et al. 2019). Una revisión global reciente encontró fuerte evidencia a favor de esta 

hipótesis (Watling et al. 2020).  

 Otro atributo de la composición del paisaje, de gran importancia para procesos que determinan los 

patrones de biodiversidad, es la composición de la matriz antrópica (Arroyo-Rodríguez et al. 2020). Esta 

se refiere a los diferentes tipos de cobertura de suelo, que no son el hábitat principal de la especie de 

estudio. La naturaleza de la matriz tiene un gran impacto sobre la dinámica de poblaciones dentro de los 

paisajes antrópicos (Tscharntke et al. 2012) y puede influenciar la persistencia de una población a través 

de efectos asociados al movimiento y dispersión, disponibilidad de recursos y el ambiente abiótico 

(Driscoll et al. 2013). Por ejemplo, las matrices con baja permeabilidad o un alto contraste pueden prevenir 
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o impedir el movimiento de los individuos entre los parches de hábitat, lo que causa baja conectividad y 

promueve el aislamiento poblacional y un intercambio de genes limitado (Bennet y Saunders 2010). Sin 

embargo, otras especies pueden tolerar y hasta beneficiarse de la matriz, que puede ofrecer recursos 

complementarios y/o suplementarios (Dunning et al. 1992; Galán-Acedo et al. 2019). De hecho, se ha 

reportado que las especies dependientes de bosque que evitan utilizar la matriz tienen una mayor 

probabilidad de extinción en paisajes fragmentados (Laurance et al. 1991; Vetter et al. 2011; Carrara et 

al. 2015).  

Por otro lado, la configuración del paisaje ha sido menos estudiada. A pesar de que se asume que 

la fragmentación es una de las principales causas de la extinción global, pocos estudios han estudiado sus 

efectos en las poblaciones de manera independiente a la pérdida de hábitat (Crooks et al. 2017). Los efectos 

de la fragmentación son muy variables (Vetter et al. 2011, Fahrig 2003) y han generado un gran debate a 

lo largo de los años (Fahrig 2003, 2017, 2019, Fahrig et al. 2019, Fletcher et al. 2018, Miller et al. 2019). 

Fahrig (2017) reporta efectos mayormente positivos de la fragmentación per se (i.e., es decir la 

fragmentación independientemente de la pérdida de hábitat), incluyendo el aumento en la conectividad 

del paisaje. Se ha reportado que pequeños parches de vegetación dispersos en la matriz pueden servir 

como peldaños (i.e. “stepping stones”) para la dispersión o recolonización de las especies, pueden proteger 

a especies raras o con ámbitos hogareños pequeños y proveer heterogeneidad en la configuración de la 

matriz (Forman 1995). Por otro lado, algunos autores reportan efectos negativos de la fragmentación per 

se. Por ejemplo, Crooks et al. (2017) establecen que al aumentar el grado de fragmentación aumenta el 

riesgo de extinción, aún después de tomar en cuenta otros predictores de riesgo, como el tamaño corporal 

y el ámbito hogareño de la especie.  

La pérdida de hábitat y la reducción en el tamaño de los parches aumentan la proporción de bordes 

en el paisaje y disminuyen la conectividad en el paisaje. El aumento en la proporción de bordes expone a 

los interiores de los fragmentos a la influencia de factores externos. Por ejemplo, los bordes son más secos 

y calientes, con mayor influencia del viento y una mayor intensidad de luz, lo que modifica la composición 

de plantas y la estructura del hábitat (Asquith et al. 2005, Didham 2010, Arroyo-Rodríguez et al. 2017), 

con efectos positivos o negativos para las especies (Ewers y Didham 2006, Pfeifer et al. 2017). Por otro 

lado, la conectividad tanto dentro del paisaje, como entre paisajes permite a las especies moverse y 

dispersarse entre parches de hábitat y diferentes tipos de uso de suelo. Esto puede disminuir el impacto de 

la pérdida de hábitat (Thompson et al. 2017) y es esencial para prevenir extinciones y mantener un pool 

de variación que permita lidiar con el cambio climático (Tscharntke et al. 2012).   
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Importancia de los estudios multi-escalares  

Los patrones de biodiversidad reflejan la combinación de diversos factores y procesos ecológicos que 

actúan a diferentes escalas espaciales y temporales (Tscharntke et al. 2012). Las escalas en las que los 

organismos utilizan y responden al ambiente varía significativamente entre especies debido a sus atributos 

ecológicos y a la heterogeneidad del hábitat (Turner y Gardner 2015). Espacialmente, las comunidades y 

poblaciones se rigen por procesos que suceden a escala de parches, paisajes y regiones (Lawton 1999). 

Por otro lado, generalmente la respuesta de las especies ante disturbios y cambios ambientales no es 

instantánea, por lo que el estudio de la biodiversidad requiere de análisis a diversas escalas temporales. 

Los datos de estudios ecológicos a largo plazo permiten evaluar el efecto de factores y mecanismos a 

través del tiempo (Hanski 2013, Beaudrot et al. 2016) e identificar respuestas lentas a dichos cambios 

(Metzger et al. 2009, Hanski 2013).  

 La magnitud y dirección de las respuestas de la biodiversidad a factores externos, depende de la 

escala en que se midan (Socolar et al. 2016). La escala es tan importante que puede influenciar en gran 

medida los resultados y conclusiones obtenidos (McGill et al. 2015). Sin embargo, muy pocos estudios 

analizan la respuesta de la biodiversidad a diferentes escalas espaciotemporales (Jackson y Fahrig 2015, 

McGill et al. 2015, Chase et al. 2018). A pesar de que los estudios de los efectos de la estructura del paisaje 

sobre la biodiversidad deberían conducirse a un nivel de paisaje (Fahrig 2003), la mayoría de los estudios 

se han realizado a niveles locales o de parche y tienden a ignorar el contexto del paisaje (Watling y 

Donnelly 2006). Por otro lado, la mayoría de los estudios se llevan a cabo con una aproximación temporal 

estática, y son pocos los estudios longitudinales y a largo plazo que permitan determinar la respuesta 

dinámica de la biodiversidad ante factores y mecanismos que actúan a lo largo del tiempo. 

 

Efectos de los cambios en el paisaje sobre los mamíferos tropicales 

Los mamíferos que habitan en los bosques tropicales son un grupo muy diverso (Rovero et al. 2017) y son 

un componente crítico para el funcionamiento de los ecosistemas (e.g. herbivoría, dispersión y 

depredación de semillas, control biológico de las comunidades; Terborgh et al. 2001, Dirzo et al. 2014, 

Palmeirim et al. 2018, Schipper et al. 2008). Sin embargo, sus poblaciones están disminuyendo a tasas 

muy rápidas – de 5487 especies existentes, 25% están amenazadas de extinción y alrededor del 52% tienen 

poblaciones en declive (Schipper et al. 2008; Fig. 3). Esta situación es causada principalmente por 
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actividades humanas como la deforestación y la degradación del hábitat, la cacería y el comercio ilegal de 

especies (Schipper et al. 2008, Ceballos et al. 2015, Beaudrot et al. 2016).  

 

 
Figura 3. Patrones de distribución de especies de mamíferos amenazadas en el mundo (modificado de Ceballos y Ehrlich 

2006). 

 

México es uno de los países con mayor diversidad de mamíferos a nivel mundial, con 462 especies 

de mamíferos terrestres, de los cuales 32% son especies endémicas al país (Ceballos 2007). Sin embargo, 

las especies están siendo afectadas por las actividades humanas, principalmente la expansión de la frontera 

agropecuaria. Actualmente, el 18% está en peligro de extinción o amenazadas (Ceballos 2007). 

No todas las especies son afectadas de la misma manera por las perturbaciones de su hábitat, sino 

que algunas especies pueden ser beneficiadas por procesos de cambio de uso de suelo y disturbios, 

aumentando en abundancia, rango de distribución y/u ocupación a través del tiempo (McGill et al. 2015). 

Estas especies tienden a proliferar en paisajes antrópicos, por lo que se les conoce como especies 

‘ganadoras’ (Tabarelli et al. 2012). Por otro lado, otras especies, conocidas como ‘perdedoras’, son 

afectadas negativamente, disminuyendo en abundancia y rango de distribución, por lo que pueden llegar 

a desaparecer (Tabarelli et al. 2012). Este recambio de especies ‘ganadoras’ por especies ‘perdedoras’ 

puede desencadenar diferentes alteraciones o procesos ecológicos en paisajes antrópicos como la 

defaunación, la rodentización, la homogenización y la diferenciación biótica (Arroyo-Rodríguez et al. 

2013a, Dirzo et al. 2014, Solar et al. 2015).  
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Algunas especies ‘ganadoras’, son animales generalistas, de rápido desarrollo y reproducción, con 

áreas de actividad pequeñas, como es el caso de algunas especies de roedores pequeños. La rodentización 

(o ratización) se refiere a un aumento en la densidad de roedores en paisajes degradados, debido a la 

ausencia de competidores o depredadores, y/o a un aumento en la disponibilidad de ciertos recursos 

(Mendes 2014). Los roedores son especies muy importantes para el funcionamiento de los bosques 

tropicales: están involucrados en procesos ecológicos como la dispersión y depredación de semillas y la 

herbivoría, y son una fuente importante de alimento para numerosas especies de animales. Sin embargo, 

el aumento de sus poblaciones puede tener implicaciones muy importantes, desde la alteración de las 

dinámicas de regeneración del bosque, el daño a cultivos, hasta el incremento del riesgo de transmisión 

de enfermedades a humanos (Sánchez-Cordero y Martínez-Meyer 2000, Lidicker 2007).  

Desafortunadamente, no existen pruebas empíricas sobre este proceso en ecosistemas tropicales. 

Por otro lado, la defaunación es la reducción o pérdida de poblaciones animales (Dirzo et al. 2014). 

Este proceso es particularmente palpable en mamíferos de gran tamaño, con dietas especializadas y/o que 

requieren grandes áreas para sobrevivir (e.g., Ewers y Didham 2006, Dirzo et al. 2014). La defaunación 

tiene un impacto directo sobre la estructura y composición de la comunidad biótica y el funcionamiento 

del ecosistema (Young et al. 2015). Por ejemplo, la pérdida de mamíferos de talla grande puede tener 

como consecuencia un aumento en la abundancia y masa corporal de especies más pequeñas como algunas 

especies de roedores (Keesing y Young 2014, Young et al. 2015, 2016). Sin embargo, el proceso de 

defaunación en comunidades de mamíferos tropicales ha sido raramente estudiado debido a las 

complicaciones metodológicas que conlleva.  

Por último, el reemplazo de especies “perdedoras” por especies “ganadoras” puede incrementar la 

similitud composicional (pérdida de diversidad beta) entre fragmentos de bosque – un proceso conocido 

como homogenización biótica (Olden et al. 2004, Solar et al. 2015). Este proceso puede limitar la cantidad 

de especies en un paisaje o región (diversidad gamma; Socolar et al. 2016). Sin embargo, un proceso 

opuesto, conocido como diferenciación biótica, también puede ocurrir en paisajes fragmentados. Esto 

ocurre cuando el incremento en la distancia entre fragmentos limita la dispersión de individuos y especies 

entre fragmentos. Esto, aunado a las diferencias ambientales entre fragmentos promovidas por trayectorias 

sucesionales contrastantes (ver Arroyo-Rodríguez et al. 2017), puede incrementar la disimilitud 

composicional entre fragmentos (Arroyo-Rodríguez et al. 2013a, Solar et al. 2015). Este aumento de 

diversidad beta puede contribuir al mantenimiento de la diversidad gamma a pesar de que a nivel local 

(diversidad alfa) se pierdan algunas especies (ver “hipótesis de la dominancia de beta”; Tscharntke et al. 
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2012). Sin embargo, este tema no es bien conocido ya que los estudios se han enfocado en bosques 

templados, y muy pocos estudian bosques tropicales. 

Para tener un mayor entendimiento de la ecología y conservación de los mamíferos tropicales en 

paisajes antrópicos, es muy importante evaluar y determinar los factores que afectan a sus poblaciones y 

comunidades, incluyendo los efectos de los cambios en la estructura del paisaje a través del tiempo 

(Rovero et al. 2017). Una de las mejores maneras para poder estudiar estos cambios y los efectos en los 

mamíferos (incluyendo los procesos de defaunación, rodentización, homogenización biótica y 

diferenciación biótica) es el realizar estudios longitudinales. Este tipo de estudios son de gran importancia 

debido a que proveen información sobre la variación en la presencia y abundancia de las especies a lo 

largo del tiempo, información clave para diseñar e implementar estrategias adecuadas de manejo y 

conservación. Sin embargo, muy pocos estudios han analizado la respuesta de los mamíferos terrestres a 

lo largo del tiempo (Chase et al. 2018, McGill et al. 2015, Jackson y Fahrig 2015), ya que los análisis a 

largo plazo y a escalas espaciales grandes suelen ser complicados y requerir muchos recursos (Andrén 

1994, Ewers et al. 2013, Laurance et al. 2008). Esto limita la capacidad de comprender las dinámicas 

poblacionales y de la comunidad en paisajes tropicales modificados (Andrén 1994).  

En la selva Lacandona se han realizado diversos estudios con mamíferos terrestres para conocer, 

por ejemplo, el efecto de la estructura del paisaje sobre la riqueza de especies (Garmendia et al. 2013), la 

estructura poblacional de primates (Arroyo-Rodríguez et al. 2013b), la abundancia y diversidad de 

roedores pequeños (San José et al. 2014). Sin embargo, antes de la presente tesis, no se habían realizado 

estudios longitudinales que permitieran determinar cómo varían las poblaciones y comunidades a través 

del tiempo y que permitieran evaluar si los mamíferos en la región están experimentando un proceso de 

defaunación y/o rodentización, ni si los cambios que están ocurriendo provocan la homogenización o la 

diferenciación biótica en el paisaje fragmentado.  
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Objetivos 

El objetivo general de esta tesis fue conocer la respuesta de la comunidad de mamíferos a los cambios en 

la estructura espacial del paisaje en la selva Lacandona (Chiapas) entre el año 2011 y el 2017. Para ello, 

se plantearon los siguientes objetivos específicos:  

 

1. Revisar los estudios disponibles sobre las respuestas de los mamíferos tropicales a los cambios en la 

estructura espacial del paisaje (Capítulo 2). 

 

2. Evaluar los cambios temporales en la comunidad de roedores pequeños para conocer los atributos del 

paisaje que pueden explicar estos cambios, así como para identificar a las especies “perdedoras” y 

“ganadoras” (Capítulo 3).  

 

3. Identificar cambios temporales en la población de monos aulladores negros (Alouatta pigra) y 

determinar el efecto de la estructura del paisaje sobre estos cambios (Capítulo 4).  

 

4. Comparar la diversidad beta de la comunidad de mamíferos terrestres medianos y grandes entre 

fragmentos en 2011 y 2017, así como la diversidad beta temporal dentro de cada fragmento, para 

identificar si está ocurriendo un proceso de homogenización o de diferenciación biótica, e identificar los 

atributos del paisaje responsables de estos cambios (Capítulo 5).  
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Descripción del área y sitios de estudio  

El área de estudio se encuentra en la Selva Lacandona, Chiapas (16o 05´ N, 90o 52´ W), situada en el 

noreste del estado de Chiapas y delimitada al sur y al este por la frontera con Guatemala y al norte y oeste 

por la zona conocida como los Altos de Chiapas. El clima de la región es cálido-húmedo, con temperaturas 

mensuales promedio de 24-26 ºC, y una precipitación anual de 2500-3500 mm (Instituto Nacional de 

Ecología 2000). La Selva Lacandona solía comprender una extensión amplia de bosque tropical húmedo 

de alrededor de 1.4 millones de hectáreas (Dirzo y Miranda 1991). Actualmente, es un área prioritaria para 

la conservación de la biodiversidad en México y Mesoamérica. Representa el área con mayor extensión 

de bosque tropical húmedo continuo (Dirzo y Miranda 1991), así como la región con la mayor riqueza de 

mastofauna en México (Medellín 1994). 

 

 
Figura 4. Imagen de una parte de la zona de estudio. En la parte inferior se observa la zona de Marqués de Comillas, 

altamente deforestada, mientras que en la parte superior se observa la Reserva de la Biósfera Montes Azules. Foto: 

Santiago Arau.   
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Dentro de la región, la Reserva de la Biósfera de Montes Azules (RBMA) fue creada en 1978 para 

proteger la biodiversidad y comprende un área de 331,200 hectáreas (Martínez-Ramos 2006). Sin 

embargo, el área está altamente amenazada por la cacería y el cambio de uso de suelo en los límites de la 

Reserva (Medellín 1994). Al sur de la RBMA, se encuentra la zona conocida como Marqués de Comillas, 

colonizada hace alrededor de 50 años. La falta de organización territorial ha ocasionado la rápida pérdida 

y fragmentación del ecosistema original (Fig. 4). A pesar de su gran importancia ecológica, la región ha 

sido rápidamente alterada debido a un aumento en la población humana, el avance de la frontera agrícola 

y ganadera, y la caza ilegal. Alrededor del 60-70% de los bosques maduros primarios de la región han 

sido convertidos a paisajes heterogéneos compuestos por parches de selva de diferentes tamaños, rodeados 

por una matriz de pastizales, tierras agrícolas y asentamientos humanos (Carabias et al. 2015; Fig. 5). La 

Selva Lacandona en general, es un área altamente heterogénea en términos de composición y 

configuración del paisaje.   

 

 

 

 

 

 

 

 

 

 

 

   
Figura 5. Ejemplos de cambio de uso de suelo en la zona de Marqués de Comillas en la Selva Lacandona, Chiapas. A) 

Deforestación de un sitio de bosque tropical para el establecimiento de plantaciones o pastizales de pastoreo; B) matriz 

antrópica, con un cultivo de palma de un lado y un terreno listo para la agricultura (probablemente maíz o chile). Fotos: 

Norma Arce. 

 

Los sitios de estudio estuvieron dentro de la Reserva de la Biósfera Montes Azules y en fragmentos 

de bosque fuera de la reserva, en la región de Marqués de Comillas. Los roedores fueron muestreados en 

12 sitios (9 fragmentos y 3 sitios dentro de la reserva; San-José et al. 2014), los monos aulladores en 22 

A B 
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sitios (19 fragmentos y 3 sitios en la reserva; Arroyo-Rodríguez et al. 2013b) y los mamíferos terrestres 

medianos y grandes en 26 sitios (22 fragmentos y 4 sitios en la reserva; Garmendia et al. 2013). Todos los 

sitios están a la misma altitud y están separados entre sí por al menos 3 km; los sitios dentro de la reserva 

se encuentran separados por más de 1 km del borde del Río Lacantún (Fig. 6).  

 
Figura 6. Ubicación geográfica del área de estudio y de los sitios incluidos en el estudio, 4 sitios de bosque continuo y 

23 fragmentos de bosque. En la parte izquierda de la imagen se encuentra la Reserva de la Biósfera de Montes Azules, 

mientras que en la derecha se encuentra la región del Marqués de Comillas; están separadas por el Río Lacantún. 

Esquema de la tesis 

Esta tesis está conformada por 6 capítulos: la introducción general (Capítulo 1), un artículo de revisión 

(Capítulo 2), tres artículos basados en datos de campo (Capítulos 3-5) y la discusión general y 

conclusiones (Capítulo 6).  
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Recientemente ha aumentado la cantidad de estudios que evalúan los efectos de la estructura del 

paisaje sobre las especies de mamíferos. Sin embargo, estos estudios muestran resultados variados, por lo 

que surge la necesidad de revisar la literatura existente sobre el tema para poder identificar patrones 

generales de respuesta. En el Capítulo 2 se hace esta revisión y se identifican las principales respuestas de 

los mamíferos tropicales ante los cambios en la estructura del paisaje a través del tiempo.  

Son pocos los estudios longitudinales que analizan los efectos de los cambios en la estructura del 

paisaje sobre la biodiversidad considerando diferentes escalas espaciales. Dichos estudios son necesarios 

para poder detectar procesos dinámicos como la rodentización, la defaunación, la homogenización y la 

diferenciación biótica. Por lo anterior, en los Capítulos 3-5 se analizan las respuestas de diferentes grupos 

de mamíferos a través del tiempo, así como el efecto de los cambios en la estructura del paisaje a diferentes 

escalas espaciales. En el Capítulo 3 se analizan los cambios en las poblaciones de pequeños roedores 

terrestres, evaluando la hipótesis de la rodentización e identificando a las especies ‘ganadoras’ y 

‘perdedoras’. En el Capítulo 4 se evalúan cambios demográficos en las poblaciones de monos aulladores 

negros (Alouatta pigra). Por último, en el Capítulo 5 se analizan los cambios en la diversidad beta de los 

mamíferos terrestres medianos y grandes, para determinar si está sucediendo un proceso de 

homogenización o de diferenciación biótica en la región. Finalmente, en el Capítulo 6 se evalúan los 

resultados e implicaciones de los capítulos anteriores.
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Introduction  

The ongoing global extinction crisis of animals is being caused by habitat loss, habitat disturbance, climate 

change, invasive species, emergent diseases, and hunting (Barnosky et al. 2011, Symes et al. 2018, 

Scheffers et al. 2019). Tropical species are particularly threatened by habitat loss because, while in 

temperate regions there is actually an annual forest gain of 2.7 Mha, the annual deforestation rate in the 

tropics is of 5.5. Mha per year (Keenan et al. 2015). The remaining forest patches are exposed to increasing 

levels of hunting, logging, and other post-deforestation threats (Laurance and Bierregaard 1997, Barlow 

et al. 2016). Deforestation results in heterogeneous human-modified landscapes, which are composed of 

forest patches surrounded by a matrix of agricultural lands, cattle pastures, secondary forests, and human 

settlements (Melo et al. 2013, Arroyo-Rodríguez et al. 2017). These emerging landscapes differ in spatial 

composition, which refers to the different types of land covers and their proportions in the landscape, and 

spatial configuration, which refers to the spatial arrangement of each land cover (Dunning et al. 1992). 

Assessing the relative effect of each of these two components of landscape structure on species is urgently 

needed to inform conservation plans (Fahrig 2003, Fahrig et al. 2011). 

Tropical forest mammals constitute a charismatic and diverse group, which account for a large 

proportion of animal biomass in these ecosystems (Rovero et al. 2017). They play critical roles in 

ecosystem functioning (e.g. grazing, seed dispersal and seed predation, biological control of populations, 

structural habitat modifiers, etc.; Dirzo et al. 2014, Palmeirim et al. 2018, Schipper et al. 2008) and provide 

important ecosystem services (Schipper et al. 2008). However, their populations are declining at a very 

rapid rate – from 5487 recognized extant mammal species, 25% are threatened with extinction, and ~ 52% 

have declining populations (Schipper et al. 2008), mainly due to human activities, such as deforestation, 

habitat degradation, and illegal hunting and trade (Schipper et al. 2008, Ceballos et al. 2015, Beaudrot et 

al. 2016).  In order to gain a better understanding of their ecology in human-modified landscapes, it is 

very important to assess and unveil the factors affecting their populations and communities, including the 

effects of landscape changes (Rovero et al. 2017). However, most studies focus on assessing the effects 

of habitat loss and hunting on mammal species and there is relatively less information on the landscape 

variables that help us predict their abundance and diversity. 

Even when the analysis of the effects of landscape structure should be conducted at a landscape 

level (Fahrig 2003), most studies are conducted at local and patch scales and tend to ignore the landscape 

context (Watling and Donnelly 2006, Fahrig 2019). Studies on mammals generally evaluate the effects of 
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patch attributes (e.g. patch size and shape, distance from the patch to continuous forest and human 

settlements) on response variables, or only qualitatively compare sites with different land covers (e.g. 

Karanth et al. 2010); few studies have assessed the landscape context (e.g. Arroyo-Rodríguez et al. 2013, 

Garmendia et al. 2013, San José et al. 2014). Fortunately, there has been a recent increase in the number 

of studies evaluating the effect of landscape structure on species. However, these studies show contrasting 

results, making it necessary to review existing literature on the subject in order to identify general patterns, 

as well as species-specific attributes that may predict their responses.  

There are important study design considerations when conducting research with a landscape 

approach (Fahrig 2005, Galán-Acedo et al. 2019). One of the most important considerations is to measure 

the ecological response and predictor variables in several landscapes, i.e. that the landscape be the sample 

unit. For this purpose, there are three possible study designs, which vary according to how the response 

variables are measured: i) site-landscape; ii) patch-landscape; and iii) landscape-scale designs (McGarigal 

and Cushman 2002, Arroyo-Rodríguez and Fahrig 2014, Galán-Acedo et al. 2019). The first two measure 

response variables in sample sites of a given size, or in habitat patches, respectively, and predictor 

variables are measured within a specified radius from each focal site or patch (McGarigal and Cushman 

2002). In the landscape-scale design, response variables are measured in several  sites in each landscape, 

and the data are combined into a single data point, with the corresponding landscape predictor variable 

(Brennan et al. 2002).Another important methodological consideration is analyzing landscape structure at 

several spatial scales and assessing the scale of effect, which allows the detection of the spatial extent 

within which a species’ response to a landscape variable is strongest (Arroyo-Rodríguez and Fahrig 2014, 

Jackson and Fahrig 2015, Ordóñez-Gómez et al. 2015). Finally, to prevent potential confounding effects 

of overlapping landscapes on study findings, it is of utmost importance to use spatially independent, non-

overlapping landscapes (i.e. thus avoiding pseudo-replication issues; Eigenbrod et al. 2011).   

As far as we know, no study to date has reviewed the responses of tropical terrestrial mammals to 

landscape structure. Thus, here we aim to conduct the first global assessment of the influence of landscape 

spatial structure on tropical and subtropical terrestrial mammals. We analyze how many studies have been 

conducted and present a detailed and updated summary of the available literature on the subject. We 

evaluate the time and geographic distributions of the studies, and the methodology and study design most 

commonly used. We then identify which tropical and subtropical mammal groups have been more 

frequently studied, and their responses to landscape structure, identifying possible trends in the response 

of tropical terrestrial mammal to landscape structure.  
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Methods 

Literature search 

We searched the literature  using the Scopus and Google Scholar databases on January 28th, 2019 using 

the following terms: [(mammal*) AND (“radius” AND/OR “radii” AND/OR “forest cover” AND/OR 

“buffer” AND/OR “windows” AND/OR “circle” AND/OR “multiscale” AND/OR “landscape” AND/OR 

“multi-scale” AND/OR “landscape metric*” AND/OR “landscape variable*” AND/OR “landscape 

approach” AND/OR “landscape scale” AND/OR “percentage” AND/OR “forest” AND/OR “landscape 

structure” AND/OR “landscape heterogeneity” AND/OR “landscape predictor” AND/OR “percentage of 

forest” AND/OR “matrix” AND/OR “matrices” AND/OR “isolation” AND/OR “fragment*” AND/OR 

“connectivity”)].  

We looked for studies published in English and Spanish, in international peer-reviewed journals, 

excluding “grey literature”. These criteria probably lead to a publication bias, with a higher chance of 

significant results being published compared to results in which no significant effects of landscape 

structure were found, but they also guarantee a certain level of quality (Gray et al. 2007). We limited our 

review to studies that explicitly assessed the response of tropical and subtropical terrestrial mammals to 

landscape composition and/or configuration variables. We did not set any limit with respect to the year of 

publication. We also excluded studies on biophysical landscape variables, such as elevation, terrain aspect, 

and soil properties. Furthermore, we did not include studies that did not measure the landscape predictors 

on a quantitative scale.  

An initial search resulted in more than 5000 articles; after filtering the results according to the 

above criteria, we obtained 289 articles. We read them in full and further filtered them using a second set 

of criteria, excluding articles  that included arboreal mammals, those that were outside the tropics or sub-

tropics,  those that were not performed at the landscape level, and those that were meta-analyses that 

conducted analysis in sites other than the tropics and pooled all responses together. Finally, we only 

included studies in which the ecological response was directly measured, not inferred (e.g. from a model). 

The assessment of studies was performed by one person to avoid bias. As a result of this second and final 

screening process we excluded 176 articles; the remaining 113 articles were included in our analyses.  
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Data extraction 

We created two different datasets to analyze the information found in the studies. The first database 

included the following:  year, country, region (Africa, Asia, North and Central America, South America 

and Oceania), whether the study was conducted at least partially inside a natural protected area, the 

methodology used (e.g. camera traps, interviews, live traps), and the main study purpose (e.g. extinction 

risk, landscape change, habitat use and occupancy). In the second database, we registered the study design 

(patch-landscape, site-landscape or landscape-scale designs; Arroyo-Rodríguez and Fahrig 2014), the 

number of scales (buffers) included in the study and the scale ratio (i.e. the largest scale divided by the 

smallest scale, both measured as the radius of each buffer in meters), whether the used scales were 

ecologically justified, and whether they analyzed the scale of effect. Also, we registered the average 

distance between study sites and determined the existence of spatial overlap between sites (i.e. 

pseudoreplication problems; Eigenbrod et al. 2011). We obtained the response variables used in each 

study, classifying them in the following categories: 1) abundance-related variables (i.e. relative 

abundance, encounter/capture frequency or rate, density of individuals, density of signs); 2) diversity (i.e. 

species richness, local/landscape taxonomic species diversity, functional diversity, eveness, compositional 

disimilarity, beta diversity); 3) occurrence (i.e. presence/absence data, occupancy, probability of detection, 

available vs. occupied landscapes); 4) health index (i.e. body condition index, red blood cell count, 

neutrophil to lymphocite ratio); 5) post-deforestation human impacts (i.e. road-kills, number of conflicts, 

hunting pressure); and 6) others (i.e. capture-recapture information, survival rates, behavior, activity 

rates). We did not include assessements of community composition, as it is a non-directional response 

variable. We also recorded all landscape predictor variables, and classified them into compositional and 

configurational variables (sensu McGarigal and Cushman 2002). Finally, the effect (i.e. positive, negative 

or non-significant) of each landscape variable on each response was recorded. We did not carry out a 

formal meta-analysis because we are not attempting to estimate the overall effect size of each landscape 

variable on each response, but only summarize the number (and direction) of significant effects 

documented so far.   

To explore possible causes of the responses we registered, we also recorded the species’ 

conservation status according to the IUCN (i.e. Least Concern, Vulnerable, Near Threatened, Endangered, 

Critically Endangered), and some ecological traits: feeding guild (i.e. carnivore, herbivore, omnivore), 

body size [grouped into small (<1 kg), medium (1 – 29.99 kg) and large (30 kg or more)], IUCN activity 

period (diurnal, nocturnal, cathemeral), maximum lifespan (months), maximum territory size (hectares), 
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and forest specialization (specialist, non-specialist). All ecological information was obtained from the 

PanTHERIA Database (Jones et al. 2009), the IUCN Red List webpage (IUCN 2018) and the University 

of Michigan’s Animal Diversity Web (University of Michigan 2014).  

Results and discussion 

As has been previously reported in other reviews and meta-analyses (e.g. Chalfoun et al. 2002), we found 

that the number of publications that cited hypotheses about mammal responses to landscape structure 

greatly exceeded the number that actually tested them. From the 113 studies focused on tropical and 

subtropical terrestrial mammals, that used a landscape approach, we were able to extract 1367 responses 

of 304 tropical terrestrial mammal species to landscape structure. The majority of studies assessed 

mammal defaunation and extinction risk (32%), the effect of different landscape features (26%) and 

landscape change (19%), and distribution, habitat use and occupancy (19%). Studies were conducted 

worldwide, but the majority was from the New World (56% in South America and 17% in North and 

Central America), followed by Asia (19%), Oceania (4%) and finally Africa (3%). Almost half of the 

studies were conducted outside natural protected areas (43%), 48% both inside and outside, and only 7% 

completely inside protected areas. All studies were published since 2004, increasing steadily through time 

(Fig. 1). 

 
Figure 1. Increase of published studies on tropical and subtropical terrestrial mammals, using a landscape approach, 

through time. The earliest articles including these criteria were published in 2004.  
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Study design 

Reported studies collected data between 1990 and 2016, with only 13% of them being longitudinal studies. 

Research methods for obtaining the mammal response variables involved the use of camera traps (n= 49), 

track surveys (n= 32), live traps (n= 31), interviews (n= 21), radio-tracking (n= 6), literature review (n= 

5), and hair and DNA (n= 1). False absences are a major source of bias in wildlife studies (MacKenzie 

2005, MacKenzie et al. 2006), however, an evaluation of sampling e methodologies used, is beyond the 

scope of this review.  

Most the studies were conducted using a site-landscape design (71.7%), followed by patch-

landscape (17.7%), landscape scale (8.0%), and finally a combination of patch/site-landscape and 

landscape scales (2.7%). The number of landscapes studied varied from 1-10 (12%), 11-30 (28%), 31-100 

(31%), 101-1000 (26%) and more than 1000 (4%). More than half of the studies (56%) measured spatial 

predictors in only one spatial scale (buffer), 12% in 2 scales, 32% in 3 to 12, and only 1% in more than 

12 spatial scales. However, only 24% assessed the scale of effect, considering all studies, and 54%, 

considering those that measured 2 or more spatial scales.  Only 43% of the studies gave an ecological 

justification for the size of the buffers used in analyses. In the studies using a site- or patch-landscape 

design, 81% measured landscape variables from the center of the site/patch where response variables were 

measured, as it is recommended (Arroyo-Rodríguez and Fahrig 2014), while the rest measured them from 

the edge of the site/patch. In other words, the first ones included the focal site/patch as part of the 

landscape. Furthermore, 18% presented overlapping buffers, which might imply pseudo-replication 

problems (Eigenbrod et al. 2011). Another 17% did not mention anything about spatial overlap. Scale 

ratios (largest scale / smallest scale) were divided into 0.1-3 (6%), 3.1-6 (14%), 6.1-9 (4%), 9.1-12 (7%), 

12.1-30 (3%), 30.1-50 (4%) and more than 50 (2%).  

 

Landscape structure effects on mammal species 

Different response variables were used in the studies, which were grouped into seven categories, as 

previously mentioned (Table 1). According to Gibson et al. (2011), much of the previous research on the 

biodiversity impacts of land-use change has focused on community-level parameters, specially species 

richness. However, in our analysis, most response records included variables related to occurrence, habitat 

use and distribution (711 records), followed by diversity (314 records) and abundance-related variables 

(295 records).  
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From 1367 response records analyzed, 805 were non-significant, 353 showed a positive statistical 

relationship to landscape predictors, and 209 a negative one (Table 2). Furthermore, 1001 response records 

correspond to landscape composition attributes (73%), 352 to landscape configuration attributes (26%), 

and 14 to both kinds (1%).  

 

Landscape composition attributes 

Mammal responses to landscape composition attributes were in its majority statistically non-significant 

(54%), and the percentage of positive responses was higher than the percentage of negative ones (30 to 

16% respectively). Among all the landscape composition attributes assessed, habitat amount (generally 

percentage of forest cover) corresponded to 71% of all records, followed by matrix composition (15%), 

habitat heterogeneity (7%), landscape quality index (4%), and matrix contrast (3%).  

The importance of the remaining habitat in the landscape for species diversity and species density 

is widely accepted (Fahrig 2013, Arroyo-Rodríguez et al. 2020, Watling et al., 2020). In this study, as 

expected, positive responses of mammals to native habitat amount were almost three times more frequent 

than negative responses (32 vs. 11%); however, most records were for non-significant effects of habitat 

amount (56%; Figure 2). There results confirm that habitat amount is vital for the conservation of tropical 

biodiversity (Benchimol and Peres 2013, Arce-Peña et al. 2019a, Arce-Peña et al. 2019b), probably due 

to its positive association with landscape connectedness and resource availability (Fahrig 2003, 2013). 

The effects of matrix composition on biodiversity have been less studied, compared to assessments 

of habitat amount or configuration (Fahrig et al. 2011, Klingbeil and Willig 2016). Here, we found that 

mammals’ response to matrix composition was mostly non-significant (46% of records), but the 

percentage of negative effects (34%) was higher than that of positive effects (20%). Yet, there is a gradient 

from low-quality matrices, were negative impacts to forest species are very high, to high-quality matrices, 

where survival of forest species is high (Arroyo-Rodríguez et al. 2020). The percentage of human 

settlements in the matrix had the highest negative effects on mammal populations (65% of the records), 

followed by palm plantations (25%), forestry (22%), sugarcane (20%), pastures (20%) and agriculture 

(19%). On the other hand, secondary forest had the highest positive effects on mammals (50%), with no 

negative responses reported, followed by forestry (39%), water bodies (33%), agriculture (31%), and palm 

plantations (25%). Matrices with low permeability, or high contrast, can prevent or impede movement 

among habitat patches, causing lower connectivity, which may promote population isolation and a limited 
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gene flow (Bennett and Saunders 2010, Mech and Hallett 2001). However, some species can benefit from 

the matrix, which may offer complementary and/or supplementary resources (Dunning et al. 1992), with 

consequences for species persistence, dispersal and colonization (Tscharntke et al. 2012). We did not 

analyze the different responses of mammals depending on their ability to use and benefit from the matrix.   

 

Table 1. Response variables used in the studies analyzed. We show a classification of the response 

variables, the number of records for each response category, their response to landscape structure 

attributes (i.e. percentage of positive and negative responses), and the different response variables 

included in each category.  

Category  
Records 

(composition/configuration) 
(No.) 

Positive 
(%) 

Negative 
(%) Response variables included 

Abundance-
related variables  295 (227-75) 25.1 19.3 

Relative abundance, 
encounter/capture frequency 
or rate, total/mean density, 
density of signs 

Diversity  314 (220-94) 28.0 10.8 

Local/landscape functional 
and taxonomic diversity, 
species richness and evenness, 
composition dissimilarity, 
beta diversity 

Health index 18 (10-8) 27.8 16.7 
Body condition index, body 
mass, red blood cell count, 
neutrophil to lymphocyte ratio 

Occurrence 711 (537-180) 66.7 0.0 

Presence/absence, occupancy, 
probability of detection, 
available vs. occupied 
landscape, movement 
probability, habitat use 

Post-
deforestation 
human-impacts 

15 (10-5) 24.2 15.3 
Number of road kills 
registered, number of 
conflicts, hunting pressure 

Other 14 (14-0) 28.6 42.9 
Capture-recapture data, 
activity rates, population rate 
of change 
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Figure 2. Percentages (and numbers inside bars) of positive, negative and null effects of each landscape composition 

variable (habitat amount, habitat heterogeneity, landscape quality index, matrix composition and matrix contrast) on all 

recorded responses (abundance, diversity, health, occurrence and human conflicts). 
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Table 2. Landscape composition and configuration variables analyzed in the tropical terrestrial mammal 

studies analyzed.  

Landscape variable 
categories 

Records 
(No.) 

Negative     
(%) 

Positive       
(%) Landscape variables 

Landscape composition    

Native habitat amount 707 11.3 32.2 Percentage/sum/proportion of the original habitat cover (e.g., 
forest cover, savanna) in the landscape  

Habitat heterogeneity 69 36.2 13.0 Index of different land-covers in the landscape 

Landscape quality  42 4.8 42.9 Measure of the suitability of differing land-cover classes in the 
landscape for biodiversity 

Matrix composition  153  34.0 19.6 
Proportion/percentage/area of different land covers (e.g. water, 
secondary vegetation, forestry, crops) in the anthropogenic 
matrix 

Land-cover proportion  1 0.0 100.0 Number/proportion of land covers in the landscape  

Matrix contrast 27 18.5 29.6 Measure of open areas in the matrix (e.g., agriculture, human 
settlements) 

Landscape permeability  1 0.0 100.0 
Percentage of each land-cover type within the landscape 
weighted by their suitability for mammal dispersion and 
averaged over the landscape 

Landscape configuration    

Aggregation metrics 46 4.3 28.3 
Aggregation, cohesion, contiguity, juxtaposition, interspersion, 
proximity, similarity indexes, referring to the tendency of 
patches to be spatially aggregated 

Connectivity 88 5.7 29.5 Degree in which a landscape facilitates or impedes movement 
of organisms among land covers 

Edge metrics 66 18.2 10.6 Sum of forest-matrix edge divided by landscape area, 
proportion/sum of edges 

Fragmentation  118 12.7 6.8 Number/density of forest patches, including the splitting index 

Shape metrics 18 0.0 5.6 Landscape/mean- patch shape, referring to the geometric 
complexity of patch shapes, mean shape index 

Matrix configuration  23 21.7 21.7 
Number or density of different land covers (i.e. road 
abundance, drainage density, herbaceous density), matrix 
resistance 

Isolation metrics 28 10.7 0.0 Mean isolation distance (mean inter-patch isolation distances 
between patches in the landscape), mean nearest-neighbors 

Area  15 0.0 20.0 Arithmetic mean of patch sizes, largest patch index 
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Landscape configuration attributes 

Mammal responses to landscape configuration variables were less often assessed than responses to 

composition variables. As with composition attributes, most records showed no significant response of 

mammals to landscape configuration attributes (74%); only 15% of the records corresponded to positive 

responses and 11% to negative responses. The most evaluated attributes were fragmentation-related 

(33%), followed by edge metrics (18%), aggregation metrics (13%), and connectivity metrics (8%). All 

the other variables were assessed in less than 7% each (Table 2, Figure 3).  

Although the effect of habitat fragmentation has been a subject of high debate (Fahrig 2003, Fahrig 

2017, Haddad et al. 2015), and fragmentation is commonly assumed to be a driver of global extinction, 

few studies have assessed the effects of fragmentation per se on mammal populations and extinction risk 

(Crooks et al. 2017). We found only 18 studies that evaluated mammals’ responses to habitat 

fragmentation per se, mostly non-significant responses (81%). However, contrary to Fahrig (2017) – who, 

among significant responses, found a higher percentage of positive responses to habitat fragmentation – 

we found a higher percentage of negative ones (13 vs. 7%).  Finally, only a few studies assessed 

connectivity at the landscape level and its effects on mammal species (16 studies with 88 records), which 

reported 6% negative responses, compared to 30% of positive responses. Connectivity can facilitate 

species’ dispersal among habitat patches, potentially lessening the impact of habitat loss on biodiversity 

(Thompson et al. 2017) and is essential to prevent extinctions and maintain a pool of genetic variation to 

cope with environmental change (Tscharntke et al. 2012).  
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Figure 3. Percentages (and numbers in bars) of positive, negative and null responses of landscape configuration variables 

(connectivity, matrix configuration, aggregation index, fragmentation and edge metrics) for all of the response variables 

(abundance, diversity, health, occurrence and human conflicts) registered. 

 

Trends in mammal responses to landscape structure  

Although the effects of landscape disturbance on individual species are complex, certain species traits 

such as small population size, small geographic range, low growth rates, high trophic level, large body 

size and matrix intolerance have been shown to predict species’ sensitivity (Laurance 1991, Terborgh et 

al. 2001, Vetter et al. 2011, Newmark et al. 2014, Keinath et al. 2017). Terrestrial mammals are no 

exception, with the most affected and threatened being specialist, medium and large species (Ceballos et 

al. 2015, Karanth et al. 2010).The extinction and population decrease due to human activities (i.e. 

defaunation; Dirzo et al. 2014, Galleti and Dirzo 2013), is becoming evident and occurring at an alarming 

rate. On the other hand, some mammal species benefit from anthropic activities and are positively 

impacted in human-modified landscapes. These species can be categorized as human adapters or even 
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human exploiter species (Riggio et al. 2018). These differential responses by particular groups of 

mammals could disrupt many interactions and impact community structure and diversity, with important 

implications for ecosystem functions and services (Galetti and Dirzo 2013, Johnson et al. 2017).  

The analyzed studies comprised a total of 304 tropical and subtropical mammal species, 

corresponding to 18 orders and 50 families. Studies analyzed species-specific responses to landscape 

structure for 163 out of the 304 mammal species. According to their order, carnivores were the most 

studied (34% of all the studies at the species level), with 80 species included; among them, the ones most 

often studied  were Eira barbara (22 studies), Leopardus pardalis (19), Puma concolor (18), P. 

yagouaroundi (16), Panthera onca (14), Cerdocyon thous (14), Nasua nasua (13), Procyon crancrivorous 

(12) and Leopardus wieddii (12), with all the other species assessed in six or fewer studies each. Rodents 

were the second most studied order (27%), with 113 different species represented, including Cuniculus 

paca (21 studies), Hydrochaeris hydrochaeris (13), Dasyprocta leporina (5),  D. punctata (5), Cavia 

aperea (5) and Hystrix brachyura (5), with all other species with one to three studies. Among 

Cetartiodactyla (15% of the studies, 34 species), Pecari tajacu (23), Tayassu pecari (16), Mazama 

americana (14), and Sus scrofa (10) were the most studied species. Finally, Didelphis aurita (9), D. 

marsupialis (8) and D. albiventris (7) were the most studied Didelphimorphia species (9% of studies, 29 

species). All other mammalian orders were each assessed in less than 3% of studies (Figure 4, Table A1). 

According to their size, we found that 142 species were classified as small, 124 as medium and only 38 

were considered large. In addition, 72 species were classified as habitat specialists. Finally, according to 

their IUCN status (IUCN 2018), 74% were classified as Least Concern, 12% as Vulnerable, 4% as Near 

Threatened, 4% as Endangered, less than 1% as Critically Endangered, and 5% are Data Deficient.  
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Figure 4. Percentage of species (a) and studies (b) registered for each of the 18 mammal orders recorded in existing 

landscape scale studies assessing tropical and subtropical terrestrial mammals.  

 

The number of different responses assessed of each mammal to landscape attributes varied from 1 

to 25. The species with the highest number of responses analyzed were P. tajacu (25), L. pardalis (24), P. 

onca (24), C. thous (21), E. barbara (21), Tapirus bairdii (20), Dasypus novemcinctus (19), Nasua narica 

(19), C. paca (17), Elephas maximus (16), Leopardus guigna (16), D. aurita (15), Procyon lotor (15), P. 

concolor (15) and T. pecari (15).   

We then analyzed trends in mammal responses to landscape structure based on their ecological 

traits. A positive association has been reported between mammal body size and threat, with large species 

dominating the most threatened families worldwide (Schipper et al. 2008, Ripple et al. 2017). Here, we 

found that large terrestrial mammals presented a higher percentage of significant, positive responses to 

habitat amount than medium and small mammals, although positive responses were more frequent than 

negative responses in all groups (Figure 5). The landscape configuration attributes most frequently 

assessed were fragmentation, edge metrics, aggregation and connectivity metrics. Connectivity did not 

have any negative effects, showing mostly non-significant responses in all size categories, while positive 

responses were more frequent in large mammals. Similarly, the effects of landscape fragmentation were 
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mostly null for all three categories. However, small mammals more frequently had negative responses to 

fragmentation than large and medium mammals (Figure 5, Table S2).   

 

 
Figure 5. Mammal responses (positive, negative, non-significant) to habitat amount, matrix composition, connectivity 

and fragmentation metrics, classified according to their size (large, medium and small). 

 

We classified mammals according to their feeding guild into carnivores, herbivores and omnivores 

and analyzed their responses to landscape attributes, as trophic level has been shown to be correlated to 

extinction risk and influence responses to habitat disturbances (Terborgh et al. 2001, Vetter et al. 2011). 

Again, most landscape composition and configuration attributes presented a higher percentage of non-

significant effects (Figure 6, Table S2). For habitat amount, positive responses were higher than negative 

responses for all groups. On the other hand, responses to matrix composition were different for carnivores 
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(equal negative and positive responses) than herbivores and omnivores, which presented more negative 

than positive responses. Herbivores had few negative responses to landscape configuration variables and 

most of their responses were not significant, specially to edge metrics and fragmentation. Carnivores had 

a high percentage of positive responses related to connectivity metrics, but a low percentage of positive 

responses related to edge and fragmentation metrics. Finally, omnivores had mostly null responses, with 

more positive responses to connectivity and to edge metrics than to fragmentation. None of the groups 

presented negative responses to connectivity metrics (Figure 6, Table S2). 

Regarding the species’ conservation status, IUCN Red List endangered mammals had a higher 

percentage of positive responses to original habitat amount, whereas vulnerable and least concern species 

presented a higher percentage of non-significant responses. On the other hand, endangered mammals 

presented more negative responses to fragmentation than the other categories. These findings agree with 

a study that stated that degree of fragmentation was related to higher extinction risk, even after accounting 

for the effect of other extinction-risk drivers, such as body size and home-range size (Crooks et al. 2017).  

The previous results are somehow corroborated with the results obtained when analyzing forest 

specialist vs. non-specialist species, since IUCN endangered species tend to be forest specialists. Forest 

specialists did not have any positive response to either fragmentation or edge metrics, meaning that they 

were more negatively affected by these landscape attributes than non-specialists, which did show some 

positive responses to them. In fact, the positive responses of non-specialists to edge metrics were more 

frequent than the negative responses. As expected, the positive responses of habitat specialists to habitat 

amount were more frequent compared to those of non-specialist species. This is not surprising, as habitat 

specialists are more sensitive than non-specialists regarding anthropic disturbance and changes in the 

amount of available habitat (Keinath et al. 2017, Galán-Acedo et al. 2019). Only 87 studies assessed the 

response of forest specialists to landscape spatial change, 71% assessed landscape composition attributes, 

mostly the effect of habitat amount (with 40% of positive and 9% of negative responses), and 29% 

assessed landscape configuration attributes, mainly connectivity and fragmentation responses. Finally, 

range size has been found to be a very important predictor of extinction risk (Crooks et al. 2017, Ripple 

et al. 2017), however we could not analyze this ecological trait, as data was unavailable for a high number 

of species.   
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Figure 6. Mammal responses (positive, negative, non-significant) to habitat amount, matrix composition, connectivity 

and fragmentation metrics, classified according to their diet (carnivores, herbivores and omnivores). 

Conclusions 

Although many more studies stated to be landscape-scale studies than those that actually assessed the 

effect of landscape attributes at a landscape-scale, it is clear that the importance of landscape scale studies 

is being recognized and applied, which is reflected in the growing number of studies that use a landscape 

context. However, there is still a strong gap of information for large part of the tropical forest regions, as 

most studies have been conducted in the Neotropics. Furthermore, there are still common design flaws in 

landscape-scale studies, which often do not follow the methodological recommendations established for 

this kind of studies. Some still use limited number of landscapes or sites and apply only one scale of 

analysis, while others which do use several scales do not account for their spatial overlapping, or do not 

analyze the scale of effect (Fahrig 2003, Jackson and Fahrig 2015).  



 48 

In addition, there is a significant difference in the number of existing studies involving tropical 

mammals’ responses to landscape composition vs. configuration attributes, with composition attributes 

being the most frequently assessed. In terms of landscape composition, habitat amount was the most 

studied landscape composition attribute, and was mostly associated with positive responses, as expected. 

Habitat loss is very important for biodiversity conservation (Fahrig 2003, 2017, Watling et al. 2020), 

which has several conservation implications, stressing the importance of maintaining primary habitats 

(e.g. creation of natural protected areas), and increasing habitat amount (i.e. through restoration). Matrix 

composition was the second most researched landscape attribute. It is well-known that forest dependent 

species that avoid using the matrix are more prone to extinction in fragmented rainforests (Laurance 1991, 

Vetter et al. 2011, Carrara et al. 2015). Yet, matrix composition is comprised by different land covers and 

presents different quality and permeability. Here, human settlements had the greatest negative effects, 

whereas secondary forests and forestry had positive effects on mammal populations. Yet, our findings 

would have to be further analyzed, dividing results according to mammal tolerance or use of the matrix. 

Potential conservation actions include the maintenance of permeable matrices, with quality land-covers 

such as managed forests and tree plantations.  

As mentioned above, landscape configuration attributes were less often assessed and had fewer 

significant effects on mammals. Recent studies have stated that the effect of landscape configuration on 

biodiversity is stronger in landscapes with an intermediate habitat amount (30-50% remaining habitat; 

Pardini et al. 2010, Villard and Metzger 2014). Mammals responded mostly in a positive way to 

connectivity metrics, particularly species with large home ranges, such as carnivores and large mammals. 

While, species’ responses to fragmentation per se were non-significant most of the times, they were mostly 

negative for small species and carnivores, contrary to previous findings (Fahrig 2017).  

Our results suggest that community variables, such as diversity metrics, might not be the best 

response variables to assess the effects of landscape composition and configuration, due to different 

species-specific responses. We found that > 60% of the recorded diversity responses were non-significant. 

The coexistence of species that are negatively impacted and species that are positively impacted by human 

alterations requires attention, in order to inform management practices for mammal conservation in 

modified landscapes.  

Despite the fact that the number of mammal species studies is relatively high, as with the 

geographic distribution of studies, there is also a strong taxonomic bias.  Most studies focused on a few 

species and orders, mainly carnivores and rodents, with a strong bias toward “charismatic” species, such 
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as jaguars, pumas, tapirs, ocelots and elephants. On the one hand, this bias limits our understanding about 

the responses of other species. On the other hand, however, it can help conservation initiatives focused on 

umbrella species (e.g. jaguars), which may help maintain high-quality core habitat for sympatric mammals 

(Crooks et al. 2017).  

Finally, we strongly encourage the development of longitudinal studies, to be able to better assess 

the dynamic and long-term effects of landscape change on mammal populations and communities, as well 

as multi-scale designs. These approaches will unveil important factors related to biodiversity in changing 

environments and will allow us to reach clear insights into the ecology and conservation of tropical 

terrestrial mammals in human-modified landscapes. 
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Supplementary material  

Table A1. Frequency of mammals’ positive, negative, and non-significant (NS) responses to landscape composition and configuration 

attributes, separated according to the different mammalian orders studied. Hab.am = native habitat amount; Hab-het = habitat heterogeneity; 

Land.qua = landscape quality; Mat.comp = matrix composition; Aggr. = aggregation metrics; Conne. = connectivity; Edg. = edge metrics; Shap. 

= shape metrics; Mat.conf. = matrix configuration; Isol. = isolation. 

   Landscape composition attributes Landscape configuration attributes   

  Hab.am Hab.het Land.qua Mat.comp  Aggr. Conne. Edg. Frag. Shap. Mat.conf. Isol. 
Carnivora             

Positive 44 4 4 12  1 3 4 4 1 3 0 
Negative  27 8 13 16  0 0 6 3 0 3 0 
NS 94 15 1 39  3 1 19 25 11 8 4 
Cetartiodactyla            

Positive 43 0 3 0  0 1 0 0 0 1 0 
Negative  11 5 0 6  0 0 0 0 0 0 0 
NS 40 3 0 8  0 0 3 5 0 0 2 
Cingulata             

Positive 8 1 0 3  0 0 1 0 0 0 0 
Negative  5 1 0 1  0 0 0 1 0 0 0 
NS 19 0 0 4  0 0 2 11 0 0 1 
Dasyuromorphia            

Positive 2 0 0 0  0 0 0 1 0 0 0 
Negative  2 0 0 0  0 0 0 3 0 0 0 
NS 4 0 0 0  0 0 0 4 0 0 0 
Didelphimorphia            

Positive 7 1 0 1  0 0 1 1 0 0 0 
Negative  3 0 0 4  0 0 0 0 0 0 0 
NS 16 2 4 2  0 6 3 5 2 0 0 
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Diprotodontia            

Positive 0 0 0 0  1 0 0 0 0 0 0 
Negative  1 0 0 1  0 0 0 0 0 0 0 
NS 1 0 0 0  0 0 0 1 0 0 0 
Eulipotyphla             

Positive 0 0 1 0  0 0 0 0 0 0 0 
Negative  0 1 0 0  0 0 0 0 0 0 0 
NS 0 0 0 0  0 0 0 0 0 0 0 
Lagomorpha             

Positive 1 0 0 1  0 0 0 0 0 0 0 
Negative  0 0 0 2  0 0 0 0 0 0 0 
NS 4 0 0 7  0 0 1 0 0 0 0 
Macroscelidea            

Positive 0 0 0 0  0 0 0 0 0 0 0 
Negative  0 0 0 0  0 0 0 0 0 0 0 
NS 0 0 0 0  0 0 0 0 0 0 0 
Monotremata            

Positive 0 0 0 0  1 0 0 0 0 0 0 
Negative  1 0 0 1  0 0 0 0 0 0 0 
NS 0 0 0 0  0 0 0 0 0 0 0 
Peramelemorphia            

Positive 0 0 0 0  0 1 0 0 0 0 0 
Negative  1 0 0 0  0 0 0 0 0 0 0 
NS 1 0 0 0  0 1 0 1 0 0 0 
Perissodactyla            

Positive 9 0 0 1  0 0 0 0 0 0 0 
Negative  2 1 0 1  0 0 0 0 0 0 0 
NS 9 0 0 2  0 0 2 4 0 2 2 
Pholidota             

Positive 0 0 0 0  0 0 0 0 0 0 0 
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Negative  0 0 0 0  0 0 0 0 0 0 0 
NS 1 0 0 0  0 0 0 0 0 0 0 
Pilosa             

Positive 1 0 0 0  0 0 0 0 0 0 0 
Negative  1 1 0 0  0 0 0 0 0 0 0 
NS 2 0 0 1  0 0 1 2 0 0 0 
Proboscidea             

Positive 6 2 0 1  0 0 0 0 0 0 0 
Negative  2 0 0 1  0 0 0 0 0 1 0 
NS 0 3 0 0  0 0 0 0 0 0 0 
Rodentia              

Positive 25 1 3 11  1 5 0 3 0 1 0 
Negative  10 4 0 9  0 0 0 4 0 0 0 
NS 48 5 8 24  0 12 4 22 0 0 0 
Scandentia             

Positive 0 0 0 0  0 0 0 0 0 0 0 
Negative  0 0 0 0  0 0 0 0 0 0 0 
NS 0 0 0 0  0 0 0 0 0 0 0 
Tubulidentata            

Positive 0 0 0 0  0 0 0 0 0 0 0 
Negative  0 0 0 0  0 0 0 0 0 0 0 
NS 0 0 0 0  0 0 0 0 0 0 0 
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Table A2. Frequency of mammals’ positive, negative, and non-significant (NS) responses to landscape composition and configuration 

attributes, classified into different ecological traits (body size [grouped into small (<1 kg), medium (1 – 29.99 kg) and large (30 kg or more)], 

feeding guild, IUCN conservation status, habitat-dependence. Hab.am = native habitat amount; Hab-het = habitat heterogeneity; Land.qua = 

landscape quality; Mat.comp = matrix composition; Aggr. = aggregation metrics; Conne. = connectivity; Edg. = edge metrics; Shap. = shape 

metrics; Mat.conf. = matrix configuration; Isol. = isolation; LC=Least Concern; VU=Vulnerable; NT=Near Threatened; EN=Endangered; 

CR=Critically Endangered. 

  Landscape composition attributes  Landscape configuration attributes     
  Hab.am Hab.het Land.qua Mat.comp  Aggr. Conne. Edg. Frag. Shap. Mat.conf. Isol. 

Body size 
Large             
Positive 56 3 2 6  1 5 0 1 0 4 0 
Negative 16 7 0 8  0 0 2 1 0 4 0 
NS 56 9 0 11  1 8 6 13 2 5 3 
Medium              
Positive 74 6 5 17  2 4 6 4 1 1 0 
Negative 42 12 2 29  0 0 3 6 0 0 0 
NS 156 17 4 51  2 16 24 47 8 6 6 
Small             
Positive 26 0 6 10  2 7 0 4 0 0 0 
Negative 8 2 0 9  0 0 1 7 0 0 0 
NS 54 1 10 18  0 21 3 26 3 0 0 
Feeding guild 
Carnivore             
Positive 44 4 4 10  2 3 2 4 1 3 0 
Negative 17 7 0 10  0 0 4 5 0 3 0 
NS 74 10 1 25  3 2 13 21 8 6 2 
Herbivore             
Positive 57 2 3 7  1 1 0 0 0 2 0 
Negative 19 8 0 12  0 0 0 0 0 1 0 
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NS 64 8 0 21  0 1 8 14 0 3 4 
Omnivore             
Positive 49 2 4 11  1 5 4 3 0 0 0 
Negative 32 9 2 16  0 0 2 3 0 0 0 
NS 84 7 8 27  0 12 12 30 5 1 3 
Conservation status 
LC             
Positive 87 5 8 22  3 5 4 6 0 1 0 
Negative 47 15 1 30  0 0 3 8 0 0 0 
NS 159 15 13 62  0 18 21 51 5 0 6 
VU             
Positive 26 0 0 1  1 1 0 3 1 3 0 
Negative 10 5 0 6  0 0 1 1 0 2 0 
NS 39 1 0 6  2 1 7 13 6 6 0 
EN, CR             
Positive 16 2 0 3  0 0 0 0 0 0 0 
Negative 3 1 0 1  0 0 0 1 0 1 0 
NS 7 3 0 2  0 0 2 4 0 2 2 
Habitat dependence 
Specialist              
Positive 43 0 3 4  1 4 0 0 0 2 0 
Negative 7 2 0 6  0 0 2 2 0 2 0 
NS 51 4 6 11  1 9 6 11 6 0 0 
Non-specialist             
Positive 102 7 9 25  2 7 6 9 1 3 0 
Negative 57 19 2 35  1 1 4 10 0 2 0 
NS 180 19 7 67  2 11 26 61 6 9 9 
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Abstract 

Land-use change threatens a large number of tropical species (so-called ‘loser’ species), but a small subset 

of disturbance-adapted species may proliferate in human-modified landscapes (‘winner’ species). 

Identifying such loser and winner species is critically needed to improve conservation plans, but this task 

requires longitudinal studies that are extremely rare. We assessed this topic with small rodent assemblages 

in the Lacandona rainforest, a relatively new and highly dynamic agricultural frontier from southeastern 

Mexico. In particular, we measured the abundance of four rodent species in 12 forest sites during a six-

year period. We related changes in abundance to differences across time in landscape structure (i.e., 

percentage of forest cover, matrix contrast, number of forest patches, and forest edge density) surrounding 

each site. Total rodent abundance was almost two times higher in 2016 than in 2011, although abundances 

were generally low in all years. The abundance of Heteromys desmarestianus increased through time, 

mainly in forest sites with increasing matrix contrast. Oryzomys sp. also tended to increase in abundance, 

especially in sites with decreasing edge density. Sigmodon toltecus remained stable through time, but 

Peromyscus mexicanus tended to decrease in abundance, particularly in sites with decreasing edge density 

and increasing matrix contrast across time. Therefore, spatial variations in landscape structure lead to 

species-specific responses. If current deforestation rates persist, we predict a population decline of forest-

specialist species (P. mexicanus), and an increase in generalist species (S. toltecus and Oryzomys sp.). 

Improving matrix quality is crucial for preventing the extinction of forest-specialist rodent species. 

 
Keywords Habitat fragmentation · Human-modified landscape · Lacandona rainforest · Landscape 

structure · Multi-scale approach · Winner species
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Introduction 

Tropical forests are being rapidly deforested and fragmented worldwide, mainly because of human 

activities such as agriculture, cattle ranching and selective logging (FAO 2016). As a consequence, the 

tropics are increasingly dominated by human-modified landscapes composed of patches of natural 

ecosystems embedded in matrices with different types of anthropogenic land covers (Melo et al. 2013). 

Depending on the types and proportions of each land cover in the landscape (landscape composition), and 

on their spatial distribution (landscape configuration), such emerging landscapes can have a highly 

heterogeneous structure (Fahrig et al. 2011). Yet, the relative influence of the different aspects of 

landscape structure on tropical species is still poorly understood, limiting our ability to develop efficient 

conservation strategies (Fahrig 2003, Fahrig et al. 2011).  

Different species can show different responses to changes in landscape structure (Gorresen and 

Willig 2004, Veter et al. 2011, Carrara et al. 2015, Arroyo-Rodríguez et al. 2016). Whereas many species 

can disappear in human-modified landscapes, other species tend to proliferate (‘loser’ and ‘winner’ 

species, respectively, sensu Tabarelli et al. 2012) or maintain stable populations. Defaunation – the human-

driven decline of animal species – is a common process that negatively impacts biotic communities as 

well as ecosystem functioning in human-modified landscapes (Dirzo et al. 2014). Yet, some species, 

including some small rodents, can be highly resilient to the main drivers of defaunation, and even 

proliferate in these landscapes (Keesing and Young 2014, Galetti et al. 2015, Young et al. 2015, Rosin 

and Poulsen 2016). Proliferation of small rodents could be caused by the absence of predators or 

competitors, and/or by an increase in resource availability due to a higher productivity of forest edges 

(Dirzo et al. 2014, Mendes et al. 2015, Young et al. 2015). Yet, not all rodent species are equally resilient 

to disturbance (Trujano-Álvarez and Álvarez-Castañeda 2010, San-José et al. 2014, Howe and Davlantes 

2017) and many species may be negatively impacted by habitat isolation in fragmented landscapes 

(Pardini et al. 2010, Banks-Leite et al. 2014).  

Understanding the patterns and drivers of changes in rodent abundance in human-modified 

landscapes is urgently needed because these animals are involved in many biotic interactions (as prey, as 

competitors, as predators, as vectors), which are crucial for the maintenance and functioning of tropical 

forests (Andresen et al. 2018). For example, rodents play important roles in herbivory and seed dispersal 

(Dirzo et al. 2007, Wolff and Sherman 2007, Galetti et al. 2015), and hence, changes in population sizes 
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could affect plant recruitment, potentially altering forest structure and diversity (Galetti and Dirzo 2013, 

Galetti et al. 2015, Rosin and Poulsen 2016).  

Determining rodent population variations through time and the spatial determinants of such 

changes requires longitudinal studies, including several years and reproductive cycles. Although some 

studies include 2 to 3 years of rodent population analysis (e.g., Pardini et al. 2010, Lira et al. 2012, Banks-

Leite et al. 2014, Young et al. 2015), longer studies are extremely rare (but see Isabirye-Basuta and 

Kasenene 1987, Fryxell et al. 1998, Gibson et al. 2013), thus limiting our understanding of population and 

community dynamics in human-modified landscapes (Fahrig and Merriam 1994, del Castillo 2015). 

Longitudinal studies could help us understand the relative importance of human-induced proliferation or 

decline of rodents and identify the landscape spatial attributes that might have an impact on these 

fluctuations. Here, we present the first longitudinal assessment of small rodent assemblages in the 

Lacandona rainforest – a species-rich region (Instituto Nacional de Ecología 2000) that harbors the highest 

diversity of mammals in Mexico (Medellín 1994). Covering about 1.3 million ha (Instituto Nacional de 

Ecología 2000), this region has suffered very high rates of forest loss, fragmentation and degradation in 

the last three decades due to the advance of the agricultural frontier (Carabias et al. 2015).  

Previous studies in the region show that among the common terrestrial small rodent species, 

Heteromys desmarestianus (Desmarest’s Spiny Pocket Mouse) and Peromyscus mexicanus (Mexican 

Deer Mouse) are mainly found in conserved forests, while Sigmodon toltecus (Toltec Cotton Rat) is found 

in disturbed sites, and Oryzomys sp. (Rice Rat) in both types of vegetation (Medellín and Equihua 1998, 

Reid 2009). Yet, the local and landscape determinants of rodent abundances are largely unknown. To our 

knowledge, there is only one study that assesses the effects of landscape structure on the rodent 

community, but it uses a temporary static landscape approach to suggest species-specific responses to 

landscape structure (San-José et al. 2014). Yet, as the landscape structure in this region is not static but 

rather changes over time, longitudinal assessments are needed to accurately identify which rodent species 

may be proliferating in this region (i.e., ‘winners’), which species may be declining in abundance (i.e., 

‘losers’), and what landscape structural attributes can predict these patterns. 

Here, we evaluated (1) changes in landscape structure in the Lacandona region between 2010 and 

2016; (2) temporal changes in the abundance of four terrestrial rodent species within 12 forest sites 

(sampling conducted in 2011, 2012, 2014 and 2016); and (3) the landscape structure variables as predictors 

of changes in rodent abundance through time. We measured four landscape structure variables, two 

compositional (forest cover and matrix contrast) and two configurational variables (fragmentation degree 
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and forest edge density). We expected species-specific responses to changes in landscape structure, with 

populations of forest-specialist species (i.e., H. desmarestianus and Peromyscus mexicanus) declining in 

more disturbed landscapes (i.e., more deforested, fragmented, and/or with higher forest edge density and 

matrix contrast). Yet, following previous studies in the region (Medellín and Equihua 1998, San-José et 

al. 2014), we predicted an increase in the abundance of more generalist, disturbance-adapted species (i.e., 

S. toltecus and Oryzomys sp.) through time, especially in more disturbed landscapes. 

 

Methods 

Study area 

The Lacandona rainforest region is situated in the north-eastern portion of the Mexican State of Chiapas 

State (16o 05’N, 90o 25’W; Fig. 1). With a warm and humid climate (average monthly temperatures 

ranging from 24 to 26 ºC, and mean annual precipitation ranging from 1500 to 3500 mm; Instituto Nacional 

de Ecología 2000), it was originally covered by mature tropical rainforest. This region is considered of 

highest conservation priority because of its exceptional biodiversity (Arriaga et al. 2000). Within this 

region, the Montes Azules Biosphere Reserve (MABR) encompasses an area of 331,200 ha of continuous 

rainforest (Instituto Nacional de Ecología 2000). South of the MABR, across the Lacantún River, the 

Marqués de Comillas Region (MCR) is comprised of 203,999 ha of fragmented forests embedded in a 

matrix dominated by agricultural lands and human settlements (Fig. 1). All the area is highly threatened 

by several human-related pressures, such as illegal flora and fauna extraction and land-use change 

(Carabias et al. 2015). The study was conducted inside the MABR (three continuous forest sites), as well 

as in forest patches outside the reserve, in the MCR (nine forest patches, ranging from 3 to 92 ha; Fig. 1). 

All sites were located at similar altitudes (0-200 m a.s.l.), and continuous forest sites were located at least 

1 km from the nearest border of the Lacantún River (see further details in San-José et al. 2014). 
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Figure 1. Location of the study sites in the Lacandona rainforest, Mexico. Points represent the center of each site, where 

rodent surveys were carried out. From the geographic center of each site we estimated the structure of seven different-

sized landscapes (see example in the top left side of the map). Circles surrounding each point represent the largest buffer 

(1400-m radius). 

 

Sampling design 

We sampled small (<1 kg) terrestrial rodents within each site once a year, from April to September 

(including periods of both the dry and rainy seasons) in 2011, 2012, 2014 and 2016. In each year, we 

sampled the 12 sites following a random order to avoid potential confounding effects of temporal 

variations in resource availability and environmental conditions. In each site, we placed 120 Sherman 

traps in a grid of 90 x 110 m (distance between traps = 10 m). We located the grid in the center of each 

forest patch (avoiding tree-fall gaps). In continuous forest sites, the grid was located more than 1 km away 
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from the nearest forest edge (i.e., the Lacantún river, Fig. 1). We baited each trap with a mixture of oats, 

sunflower seeds, and vanilla. In each site, we captured rodents for eight consecutive nights (960 trap-

nights per site, 11,520 per field session, totaling 46,080 trap-nights). Animals were marked with gentian 

violet to account for recaptures within each year. This non-invasive short-term marking technique allows 

the identification of marked individuals for several months and has no adverse physiological effects on 

mammals (Silvy et al. 2005). We used the number of individuals captured as a proxy of abundance within 

each site. Ten species of small-sized rodents are reported for the area (Medellín and Equihua 1998); 

however, this study is only focused on the most common terrestrial species. We excluded from the analysis 

arboreal species (Nyctomys sumichrasti, Ototylomys phyllotis and Tylomys nudicaudatus). Oryzomys 

(=Handleyomys) species, were treated at the genus level because of inconsistent taxonomy in the region, 

and the non-invasive nature of this study (San-José et al. 2014). 

 

Landscape metrics 

We used a site-landscape approach (sensu Fahrig 2013), that is, response variables were recorded in the 

12 forest sites, and landscape variables were measured in the surrounding landscape containing each site. 

We considered all sites as independent samples because they were separated from each other by at least 

1.5 km (continuous forest sites were separated by at least 2.5 km), and small-sized rodents are known to 

have a very low vagility and are not likely to migrate between forest sites (McNab 1963, Maza et al. 1973). 

Independence also increased by measuring landscape predictors in non-overlapping landscape buffers 

(Eigenbrod et al. 2011). Note that the few landscapes that showed some spatial overlap were separated by 

large rivers, thus contributing to the independence between sites (Fig. 1). We used high resolution (10 m) 

satellite images from 2010 (SPOT 5) and 2016 (Sentinel 2A) – both sensors with similar radiometric 

characteristics (Hagolle et al. 2015) – to classify six different land-cover types using Spring 3.3 (Camara 

et al. 1996): old-growth forests, secondary forests, cattle pastures, annual crops (e.g., chili, corn), arboreal 

crops (e.g., rubber and palm plantations), and human settlements (e.g., houses, roads). Overall, 

classification accuracy was 80.0 percent in 2010 and 80.3 percent in 2016.  

We then used Conefor software extensions (Saura and Torné 2009) to measure landscape metrics 

in 2010 and 2016. In particular, we measured two metrics of landscape composition (percentage of forest 

cover and matrix contrast), and two metrics of landscape configuration (number of forest patches and 

forest edge density). Forest cover included only old-growth forests, and matrix contrast (sensu Campbell 
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et al. 2011) was the percentage of the matrix composed of open areas: cattle pastures, annual crops, and 

human settlements. Forest edge density was measured as the length of all old-growth forest edges divided 

by the total area of the landscape (m/ha; McGarigal et al. 2012). We selected these landscape predictors 

because: (1) rodents’ abundance in the region seems to be related to landscape forest cover and matrix 

contrast (San-José et al. 2014); (2) forest fragmentation can shape population movements, migration 

dynamics and diversity patterns (Malcolm 1995, Bennett and Saunders 2010); and (3) edge density may 

affect resource availability and predation/competition interactions (Mendes et al. 2015).  

Since the response of species to landscape structure can be scale-dependent (San-José et al. 2014, 

Smith et al. 2011, Galán-Acedo et al. 2018), we assessed each landscape metric within seven different-

sized radii (200- to 1400-m radius, at 200-m intervals) from the center of each forest site to assess the 

scale of landscape effect (see below). The 1400-m radius was the largest radius until a minimum overlap 

between two buffers started to appear, thus avoiding dependence (i.e., pseudoreplication) problems in our 

analyses (Eigenbrod et al. 2011). To include continuous forest sites in regression models, we considered 

these sites as having 100 percent forest cover, 0 percent matrix contrast, no fragmentation (number of 

forest patches = 1), no edges (edge density = 0) and no isolation (mean inter-patch distance = 0). 

 

Data analyses 

We first used repeated measures models to test for differences between the first and last sampling year (∆ 

= 2016 value – 2010 value) in the value of each landscape metric at the largest scale (1400-m radius). We 

then used a similar statistical procedure to test for differences in the abundance of each rodent species 

among the four survey years (2011, 2012, 2014, and 2016). To identify the temporal changes in rodent 

abundance we summed up the data of all traps from each site and year and tested for variations (i.e., 4 

survey years) in the abundance of each species through time within each site using Spearman correlations 

(i.e., correlation between abundance and time). The correlation coefficient of each species within each site 

was used as a measure of the average tendency of change in abundance, as it indicates whether a given 

rodent population is increasing (rs > 0), decreasing (rs < 0) or shows no trend (rs ~ 0) through time in a 

given site. We then assessed the landscape drivers of these temporal changes in rodent abundance with 

generalized linear models. In particular, we related the obtained correlation coefficients in each site with 

the differences (∆) between years (2016 - 2010) in each landscape metric. A positive ∆ value indicates 
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that a given metric is increasing through time in a given landscape, i.e., it shows a higher value in 2016 

than in 2010, whereas a negative value indicates the opposite.   

As we did not know a priori the landscape size that best predicts rodent responses to landscape 

patterns, we assessed the so-called “scale of effect” of each landscape metric following Jackson and Fahrig 

(2015). In brief, we used Spearman correlations to assess the association between each landscape metric 

(∆ values) and each response variable (changes in abundance) at each spatial scale (i.e., different-sized 

radii) to identify the scale that yields the strongest response-predictor relationship (i.e., the highest 

correlation coefficient; Table A1 in supplementary material). We then used a multimodel averaging 

approach (sensu Burnham and Anderson 2002) with generalized linear models to assess the effect of each 

landscape predictor (measured at the optimal scale; Table A1) on correlation coefficients with the ‘glmulti’ 

package (Calcagno and de Mazancourt 2010) for R version 3.3.3. To avoid multicollinearity problems in 

multiple models, we estimated the variance inflation factor (VIF) of each predictor using the ‘car’ package 

for R 3.3.3 (Fox and Weisberg 2011). VIF values for the number of forest patches (VIF = 13.0) and forest 

cover (VIF = 8.4) indicated collinearity between these two predictors (see Neter et al. 1996). Therefore, 

we excluded the former predictor from the analysis. For each response variable we constructed 8 models, 

which represent all combinations of three explanatory variables and the null model (which includes only 

the intercept). For each model, we calculated the Akaike’s Information Criterion corrected for small 

samples (AICc). We ranked the models from the best (i.e., lowest AICc) to the worst (i.e., highest AICc). 

We then calculated the sum of Akaike weights (∑wi) of each landscape predictor, i.e., the sum of Akaike 

weights of the models in which each variable appeared. This metric represents the probability that each 

variable is within the true best model, and it was used to weight model-averaged parameter estimates 

(Burnham and Anderson 2002). To be conservative, we considered that the variation (Δ) in a given 

landscape attribute through time was an important explanatory variable for a given change in rodent 

abundance if the following three criteria were met: (1) it showed a high sum of Akaike weights; (2) the 

model-averaged unconditional variance was lower than the model-averaged parameter estimate (Burnham 

and Anderson 2002); and (3) the complete model showed a high percentage of explained deviance (i.e., 

high goodness-of-fit; Crawley 2007). 

Results 

Landscape structure showed important changes through time in each forest site (Fig. A1). For example, 

while some landscapes lost up to 10% of forest cover between 2010 and 2016, others actually showed an 
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increase in forest cover of up to 40%. Thus, when averaged across all landscapes, we did not find 

significant differences in landscape metrics between the two years (Table 1). Yet, mean matrix contrast 

tended to increase over time, mostly due to the expansion of annual crops, such as corn. 

 

Table 1. Landscape spatial structure surrounding 12 forest sites in 2010 and 2016 in the Lacandona 

rainforest, Mexico. Mean (± SD) values are indicated for a 1400-m radius landscape from the center of 

each forest site. Differences between years were evaluated with repeated measures models. 
 

Landscape variable 2010 2016 t  (P) 

Landscape configuration    

     Patch number (No) 17.3 ± 14.4 15.5 ± 12.0 -1.08 (0.30) 

     Edge density (m/ha) 58.9 ± 37.6 56.5 ± 37.0 -1.06 (0.31) 

Landscape composition  
   

     Forest cover (%) 57.8 ± 28.2 59.4 ± 26.4 1.13 (0.28) 

     Matrix contrast (%) 61.0 ± 37.0 64.2 ± 39.0 2.01 (0.07) 
    

 

We recorded four species of small terrestrial rodents: Heteromys desmarestianus (Desmarest’s 

Spiny Pocket Mouse), Sigmodon toltecus (Toltec Cotton Rat), Peromyscus mexicanus (Mexican Deer 

Mouse) and Oryzomys sp. (Rice Rat) in all years. In total, we collected 76 individuals in 2011, 82 in 2012, 

49 in 2014 and 153 in 2016. The abundance of three species (H. desmarestianus, Oryzomys sp., and P. 

mexicanus) showed a significant temporal trend, but populations of S. toltecus remained stable through 

time (Table 2, Fig. A2 in supplementary material). In particular, the abundance of H. desmarestianus and 

Oryzomys sp. tended to increase through time, whereas the abundance of P. mexicanus tended to decrease. 
 

Table 2. Mean (± SD) number of rodent individuals recorded in 12 forest sites in the Lacandona rainforest, 

Mexico. Differences among years were tested with repeated measures mixed models.   
Species 2011 2012 2014 2016 t  (P) 

Oryzomys sp.  0.8 ± 1.1A 2.8 ± 3.8A 0.5 ± 1.2A 5.1 ± 7.1B 2.08 (0.045) 

Heteromys desmarestianus 2.7 ± 3.3A 2.1 ± 1.8A 1.4 ± 1.2A 5.3 ± 4.4B 2.34 (0.026) 

Sigmodon toltecus 1.4 ± 3.2 1.2 ± 2.3 1.4 ± 3.0 2.1 ± 2.6 0.86 (0.397) 

Peromyscus mexicanus 1.4 ± 1.9A 0.8 ± 1.5A 0.8 ± 1.8A 0.3 ± 0.9B -1.98 (0.049) 

Significant differences between years are indicated with different letters. 
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Considering the scale of effect of each landscape variable on each response (Table A1), we found 

strong associations between temporal changes in landscape structure and changes in rodent abundance 

(36-50% of explained deviance), with each rodent species showing different responses to changes in each 

landscape metric (Fig. 2; Table 3). In particular, the abundance of Oryzomys sp. increased mainly in sites 

with decreasing forest edge density (Fig. 2; Table 3; Table A2 in supplementary material). Yet, the 

abundance of H. desmarestianus increased in sites surrounded by increasing matrix contrast. The 

abundance of S. toltecus mainly decreased in landscapes suffering a decrease in matrix contrast. Finally, 

the abundance of P. mexicanus increased in landscapes exposed to increasing matrix contrast and 

decreasing edge density (Table 3 and A2, Fig. 2). 

 

 
Figure 2. Effect of temporal (2016-2010) differences in landscape structure on temporal trends in rodent abundance in 

the Lacandona rainforest, Mexico. We show the sum of Akaike weights (Swi) of each landscape predictor (bars). The 

sign (+/−) of parameter estimates are indicated with different colors: grey bars for positive responses, and black bars for 

negative responses (see averaged parameters and associated unconditional variances in Table 3). We also indicate values 

of pseudo-R2, i.e., the percentage of explained deviance by complete models. Each landscape metric was measured at 

the optimal scale (see Table A2 in supplementary material). 
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Table 3. Results of information-theoretic based model selection and multimodel inference for assessing 

the impact of the change in landscape metrics (considering the scale of effect; see scales in Table 4) on 

the changes in the abundance of four rodent species in the Lacandona rainforest, Mexico. We present 

model-averaged parameter estimates (b) and the unconditional variance (UV) for each landscape 

predictor. Note that all b estimates (i.e., slopes) are higher than their respective UV values, which suggests 

confidence in the estimation of b values (Burnham and Anderson 2002). 
 

  Oryzomys sp. 
Heteromys 

desmarestianus 

Peromyscus 

mexicanus 
Sigmodon toltecus 

Metrics β UV β UV β UV β UV 

Edge density -0.00795 0.00009 -0.00601 0.00019 -0.00767 0.00011 0.00031 0.00002 

Matrix contrast  0.00602 0.00029 0.02830 0.00130 0.00620 0.00010 -0.01178 0.00030 

Forest cover 0.00045 0.00002 0.00118 0.00004 0.01148 0.00045 -0.00834 0.00069 

 

Discussion 

To our knowledge, the present study is the first in assessing the patterns and potential landscape drivers 

of rodent populations using a longitudinal approach, covering several sampling years and reproductive 

cycles. With such an approach, we were able to demonstrate that the Lacandona rainforest – a relatively 

new agricultural frontier in southeastern Mexico (Meli et al. 2015) – is suffering a rapid process of land-

use change that promotes high spatial variations in landscape structure. Such variations in landscape 

structure lead to species-specific changes in the abundance of small rodents. Although total rodent 

abundance was two times higher in 2016 than in 2011, the mean number of individuals in all sites was 

very low, probably because the region has not suffered a significant defaunation process (Garmendia et 

al. 2013), allowing a top-down control of rodent populations by natural predators (Dirzo et al. 2014, 

Bovendorp et al. 2018). However, as discussed below, if current annual deforestation rates continue in the 

region (-2.1% between 1990 and 2010; Courtier et al. 2012) we can expect significant changes in the 

abundance of small rodents in the near future, including the population increase of some species (winner 

species) and population decline (loser species) of others.  
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Our findings support previous studies on the contrasting responses of different rodent species to 

habitat disturbance (San-José et al. 2014). Whereas the abundance of H. desmarestianus and Oryzomys 

sp. increased through time in most sites, the abundance of P. mexicanus tended to decrease and populations 

of S. toltecus remained relatively stable through time. These population trends were strongly related to 

temporal changes in landscape structure in each site. For example, two out of four species (H. 

desmarestianus and P. mexicanus) increased their populations in forest sites that had experienced an 

increase in matrix contrast through time (i.e., higher percentage of open area in the matrix). As both species 

are forest specialists that mainly live in old-growth and secondary forests (Ceballos and Oliva 2005, Reid 

2009), these patterns do not mean that they are benefited by increasing matrix contrast, but that individuals 

in landscapes with higher matrix contrast could be ‘forced’ to take refuge in the remaining forest patches, 

concentrating there. This ecological process has been demonstrated in other forest-specialist species, such 

as Australian tropical non-volant mammals (Laurance 1991) and howler monkeys (Arroyo-Rodríguez and 

Dias 2010). If this process is verified in future studies, these two species could be good candidates of 

‘loser’ species (sensu Tabarelli et al. 2012), as it is well-known that forest-dependent species that avoid 

using the matrix are more prone to extinction in fragmented rainforests (Laurance 1991, 1994, Gascon et 

al. 1999, Veter et al. 2011, Carrara et al. 2015). This is not only related to resource scarcity in forest 

patches, but also to lower connectivity in landscapes with higher matrix contrast, which may promote 

population isolation and a limited gene flow (Bennett and Saunders 2010, Mech and Hallett 2001).  

The abundance of three species (Oryzomys sp., H. desmarestianus and P. mexicanus) tended to 

increase in forest sites located in landscapes with decreasing forest edge density. This is consistent with 

Pardini (2004), who found a negative response of small terrestrial mammals to increasing forest edges in 

the Brazilian Atlantic forest. Pfeifer et al. (2017) also show that many forest-interior specialist species, 

including amphibians, reptiles, birds, and mammals, respond negatively to forest edges, reaching peak 

abundances only at sites farther than 200–400 m from sharp high-contrast forest edges. Such negative 

response can be related to both abiotic and biotic changes along forest edges. For example, forest 

temperature can increase at forest edges, especially in fragmented rainforests (Arroyo-Rodríguez et al. 

2017), potentially making basic activity patterns, such as feeding and traveling, more energetically costly 

(Tuff et al. 2016). Also, predation pressures may be higher at forest edges, because these habitats are 

exposed to higher light incidence than forest interiors, making preys more easily located by predators at 

edges than interiors (e.g., Barbaro et al. 2014, and references therein). Whatever the proximate cause of 
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these negative edge effects, these patterns support the hypothesis that H. desmarestianus and P. mexicanus 

may represent ‘loser’ species.  

Besides forest-dependence and specialization, other species’ ecological attributes and life history 

traits can help to explain the observed rodent responses to landscape structure. For example, extinction 

risk in human-modified landscapes has also been inversely related to reproductive rate, and directly 

associated with life span extension (Laurance 1991, Terborgh et al. 2001, Vetter et al. 2011). In this sense, 

both potentially ‘loser’ species (i.e., H. desmarestianus and P. mexicanus) have relatively lower 

reproductive rates and longer life expectancies, whereas the potentially ‘winner’ species (Oryzomys sp. 

and S. toltecus) have higher reproductive rates and lower life expectancies (Ceballos and Oliva 2005, Reid 

2009). Additionally, H. desmarestianus feeds mainly on seeds and fruits, which could further increase its 

vulnerability to disturbance, compared with the other three species (all omnivores), as frugivory has been 

related with a higher sensitivity to habitat disturbance in fragmented landscapes (Laurance and Yensen 

1991).  

Species traits can also influence the scale of landscape effect, i.e., the landscape size that best 

predicts rodent responses to landscape structure (Jackson and Fahrig 2015). In particular, the scale of 

effect is expected to be higher in species with greater vagility, as they are expected to interact with its 

environment across larger spatial scales (Miguet et al. 2016). Here, the scale of effect varied from 200- to 

1400-m radius, with Oryzomys sp. showing the lowest scale of effect, followed by H. desmarestianus, S. 

toltecus and P. mexicanus (Table A1). Following Miguet et al. (2016), this finding suggests that Oryzomys 

sp. may have lower vagility, which is reasonably expected for a generalist species that is able to find 

resources in both conserved and disturbed forests (Medellín and Equihua 1998). In other words, Oryzomys 

sp. probably does not need to move much to find enough resources, at least compared to P. mexicanus, 

which is a forest-specialist species, and probably need to move more frequently or larger distances to find 

adequate resources in the landscape. Unfortunately, we found no information on the ranging behavior or 

dispersal distances of these species, and thus, this represents an interesting avenue for future research. 

 

Conclusions and conservation implications 

The Lacandona rainforest is suffering a rapid process of land-use change, which is spatially variable (Fig. 

A1). Such spatial variations in landscape changes, however, did not result in a generalized increase in 

rodent abundance (i.e., ‘rodentization’, sensu Mendes 2014), but rather lead to species-specific responses 
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to landscape structure. This can be related to the relatively short period of deforestation in the region (< 

50 years ago), the relatively high amount of forest cover (~ 40%), and a highly heterogeneity matrix that 

includes different land covers, many of which can be used by small rodents as temporally or permanent 

habitat (Medellin 1994, Medellin and Equihua 1998). Whatever the cause of this pattern, it represents 

‘good news’, as it suggests that the biotic interactions and ecological processes in which rodents are 

involved (e.g., seed dispersal, seed predation) have not suffered great alteration in the region. Yet, we 

cannot reject the hypothesis that populations of some rodent species will increase in the future, as the low 

values of final model-averaged parameter estimates (b estimates) suggest that the impact of landscape 

spatial changes on rodent population dynamics act at very low rates. In other words, it seems that the 

impact of landscape spatial changes on rodent communities will only be fully appreciated at the long-

term. 

In particular, if current land-use changes are maintained in the region, we can expect a population 

decline of forest specialist species (P. mexicanus and H. desmarestianus), and an increase in habitat 

generalist species (S. toltecus and Oryzomys sp.). H. desmarestianus showed an increase in abundance 

(not a decrease, as expected), but such increase seems to be ‘forced’ by increasing matrix contrast in the 

local landscape (see above). Regarding S. toltecus, their populations remained without significant changes, 

but given the tolerance of this species to human-induced disturbances (Medellin and Equihua 1998), they 

would probably benefit from future landscape disturbance.  

Based on the empirical evidence available to date for this biodiversity hotspot (Medellín 1994, 

Medellín and Equihua 1998, San-José et al. 2014), preventing the expansion of open areas (e.g., cattle 

pastures and annual crops) in the region seems to be crucial for increasing landscape connectivity and 

resource availability for forest-dwelling rodent species, such as P. mexicanus and H. desmarestianus. Our 

findings also support the importance of preventing potential negative edge effects (Pardini 2004, Pfeifer 

et al. 2017), for example, by increasing forest cover (and thus, the amount of core areas) in the landscape. 

Although the percentage of forest cover showed a weaker effect than other landscape metrics, it showed 

a positive effect on both forest-specialist species, thus highlighting the importance of stopping forest loss 

and increasing forest cover through passive or active restoration. 
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Supplementary information  

Table A1. Association (i.e., correlation coefficients, r-Spearman) between the temporal changes (2016-

2010) in landscape structure and temporal changes in abundance of four small rodent species. Changes in 

landscape structure were measured considering seven different-sized radii to identify the landscape size 

(radius) at which the strongest association between each response variable and each predictor was 

observed (i.e., the scale of landscape effect, in bold).  
Landscape 
predictor/scale Oryzomys sp.  Heteromys desmarestianus Sigmodon toltecus Peromyscus mexicanus  

Δ Forest cover      

1400 0.085 0.108 -0.470 0.598 
1200 0.134 0.045 -0.394 0.511 
1000 0.138 0.047 -0.237 0.387 
800 0.006 0.080 -0.127 0.308 
600 -0.081 0.165 0.018 0.274 
400 0.216 0.263 0.213 0.242 
200 0.252 0.389 0.345 0.214 
 
Δ Matrix contrast 

    

1400 -0.201 -0.001 -0.344 0.462 
1200 -0.056 -0.029 -0.497 0.565 
1000 0.011 -0.087 -0.535 0.518 
800 0.006 0.062 -0.526 0.601 
600 -0.321 0.101 -0.568 0.612 
400 0.400 0.542 0.323 0.374 
200 0.109 0.383 0.319 0.236 
 
Δ Number of patches 

   

1400 -0.240 -0.334 -0.124 -0.538 
1200 -0.100 -0.225 0.112 -0.501 
1000 -0.195 -0.310 0.006 -0.374 
800 -0.260 -0.382 -0.414 -0.261 
600 -0.149 -0.417 -0.003 -0.608 
400 -0.388 -0.418 -0.260 -0.376 
200 0.057 0.302 -0.048 0.178 
 
Δ Edge density  

    

1400 -0.020 -0.317 0.208 -0.584 
1200 -0.197 -0.400 0.176 -0.609 
1000 -0.404 -0.343 0.134 -0.544 
800 -0.420 -0.182 0.224 -0.459 
600 -0.300 -0.375 0.071 -0.539 
400 -0.555 -0.224 0.248 -0.583 
200 -0.127 -0.380 -0.177 -0.235 
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Table A2. Additive models assessing the effects of changes in landscape spatial structure (i.e., percentage 

of forest cover, percentage of matrix contrast and edge density) between 2016 and 2011, on temporal 

changes in abundance of four small rodent species in the Lacandona rainforest, Mexico.  

Model  
   AICc ΔAICc wi % deviance 

explained df 
    

Ab_Oryzomys ~ 1 + Edge_density 23.43 0.00 0.41 30.26 10 

Ab_Oryzomys ~ 1 24.17 0.75 0.28 0.00 11 

Ab_Oryzomys ~ 1 + Matrix_contrast 25.74 2.32 0.13 8.46 10 

Ab_Oryzomys ~ 1 + Forest_cover 27.05 3.63 0.07 2.46 10 

Ab_Oryzomys ~ 1 + Matrix_contrast + Edge_density 27.41 3.98 0.06 31.00 9 

Ab_Oryzomys ~ 1 + Forest_cover + Edge_density  28.08 4.65 0.04 33.16 9 

Ab_Oryzomys ~ 1 + Forest_cover + Matrix_contrast 30.44 7.01 0.01 8.46 9 

Ab_Oryzomys ~ 1+ Forest_cover + Matrix_contrast + Edge_density  33.16 9.74 0.00 36.43 8 

Ab_Heteromys ~ 1 + Matrix_contrast 28.82 0.00 0.38 31.18 10 
Ab_Heteromys ~ 1 29.64 0.82 0.25 0.00 11 

Ab_Heteromys ~ 1 + Edge_density 30.46 1.64 0.17 21.10 10 

Ab_Heteromys ~ 1 + Forest_cover 32.01 3.19 0.08 10.22 10 
Ab_Heteromys ~ 1 + Matrix_contrast + Edge_density 32.63 3.80 0.06 36.21 9 

Ab_Heteromys ~ 1 + Forest_cover + Matrix_contrast 33.53 4.71 0.04 31.20 9 

Ab_Heteromys ~ 1 + Forest_cover + Edge_density  34.78 5.95 0.02 23.71 9 
Ab_Heteromys ~ 1+ Forest_cover + Matrix_contrast + Edge_density  38.90 10.08 0.00 36.25 8 

Ab_Peromyscus ~ 1 + Edge_density 13.13 0.00 0.28 37.45 10 

Ab_Peromyscus ~ 1 + Matrix_contrast 13.28 0.15 0.26 36.65 10 

Ab_Peromyscus ~ 1 + Forest_cover 14.12 0.99 0.17 32.06 10 

Ab_Peromyscus ~ 1 15.09 1.96 0.10 0.00 11 

Ab_Peromyscus ~ 1 + Forest_cover + Edge_density  15.23 2.10 0.10 49.69 9 

Ab_Peromyscus ~ 1 + Matrix_contrast + Edge_density 16.47 3.34 0.05 44.21 9 

Ab_Peromyscus ~ 1 + Forest_cover + Matrix_contrast 16.93 3.80 0.04 42.02 9 

Ab_Peromyscus ~ 1+ Forest_cover + Matrix_contrast + Edge_density  21.35 8.23 0.00 50.36 8 

Ab_Sigmodon ~ 1 28.11 0.00 0.36 0.00 11 

Ab_Sigmodon ~ 1 + Matrix_contrast 28.17 0.06 0.35 25.96 10 

Ab_Sigmodon ~ 1 + Forest_cover 29.97 1.86 0.14 13.96 10 

Ab_Sigmodon ~ 1 + Edge_density 31.47 3.37 0.07 2.47 10 

Ab_Sigmodon ~ 1 + Forest_cover + Matrix_contrast 32.82 4.71 0.03 26.33 9 

Ab_Sigmodon ~ 1 + Matrix_contrast + Edge_density 32.88 4.77 0.03 25.97 9 

Ab_Sigmodon ~ 1 + Forest_cover + Edge_density  34.61 6.50 0.01 14.52 9 

Ab_Sigmodon ~ 1+ Forest_cover + Matrix_contrast + Edge_density  39.09 10.98 0.00 26.44 8 
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Figure A1 Temporal differences (2016-2010) in landscape structure measured in landscapes of 1400-m radius surrounding nine forest patches 

in the Lacandona rainforest, Mexico. Changes between years are indicated in percentage [i.e., (value in 2016 – value in 2010)*100/value in 

2010]. Positive values indicate that a given landscape variable increased through time, whereas a negative value indicates the opposite. Site 

numbers in Y-axis correspond to those shown in Fig. 1 from the main text. 
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Figure A2. Temporal changes in the abundance of four rodent species in the Lacandona rainforest, 

Mexico. Temporal trends within each of the 12 study forest sites were assessed with Spearman 

correlations. In particular, we related the abundance of each species within each site to time (i.e., four 

survey years, 2011, 2012, 2014 and 2016). Boxplots show median (central line), 25th and 75th percentiles 

(box), and outliers of correlation coefficients. 
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Abstract  

 

Context: Non-human primates are among the most threatened mammals on Earth. Although some species, 

such as howler monkeys, are thought to be resistant to initial phases of habitat disturbance, the lack of 

longitudinal studies prevents determining if this holds over time. 

 

Objectives: We assessed temporal changes in landscape structure in the Lacandona rainforest, Mexico, 

and how these changes relate to population trends of black howler monkeys (Alouatta pigra). 

 

Methods: We surveyed primates in 22 forest sites in 2011 and 2017, and related temporal changes in 

primate abundance and immature-to-female ratio with changes in the spatial structure of local landscapes 

(forest cover, matrix openness, number of forest patches, and forest edge density) using a multi-scale 

approach. 

 

Results: Landscape changes occurring over a 6-year period were strongly associated with temporal 

changes in population parameters. Primate abundance increased as forest cover increased. Both primate 

abundance and immature-to-female ratio increased in sites located in landscapes where the number of 

patches increased over time, but where the proportion of open matrix decreased. Edge density showed a 

negative effect on immature-to-female ratio. 

 

Conclusions: This endangered primate might not be as tolerant to landscape disturbance as generally 

thought. Allowing forest patches to increase in number and/or size through active or passive restoration 

(reverse fragmentation) and preventing forest loss and an increase in matrix openness are key management 

strategies to preserve howler monkeys in this biodiversity hotspot. 

 

Keywords: Habitat loss, Habitat fragmentation, Human-modified landscape, Scale of effect, Tropical 

rainforest  
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Introduction 

Deforestation of tropical forests represents one of the biggest threats to biodiversity (Gibson et al. 2011). 

Tropical forests are being rapidly converted to human modified landscapes, comprised of patches of native 

ecosystems surrounded by a matrix of anthropogenic land-cover types, such as crops, secondary forests 

and human settlements (Melo et al. 2013). Depending on the presence of different land-cover types and 

their proportions (i.e., landscape composition) as well as their spatial distribution and physiognomy (i.e., 

landscape configuration), landscapes can have a highly heterogeneous spatial structure, with variable 

impacts on wildlife (Fahrig et al. 2011). Whereas most species are negatively affected by the loss of forest 

cover, species’ responses to other landscape attributes are highly variable (Fahrig 2003, 2017, Galán-

Acedo et al. 2019a). 

Human-modified landscapes are not only heterogeneous in their spatial dimension, but also 

temporally, as forest patches can increase or decrease in size, or change into another vegetation type (del 

Castillo 2015). However, few studies in anthropogenic landscapes have considered this temporal 

dynamism, which requires using longitudinal and multi-scale approaches (Ewers et al. 2013, Fahrig 2013). 

Longitudinal studies encompassing larger time periods are important for identifying lagged species’ 

responses to changes in land-use and landscape structure (Metzger et al. 2009, Hanski 2013), particularly 

in the case of long-lived taxa, such as primates. 

Primates play important ecological functions in the ecosystems they inhabit (da Silva et al. 2015, 

Andresen et al. 2018), but they are also among the most threatened groups of animals globally, mainly 

due to habitat loss, hunting and emergent diseases (Estrada et al. 2017). Several studies have assessed the 

importance of spatial characteristics of the habitat in determining primate abundance and distribution. 

These studies have found that both site-level variables (e.g., size, shape and isolation of forest patches; 

Anzures-Dadda and Manson 2007, Arroyo-Rodríguez et al. 2013, Benchimol and Peres 2013b, Puig-

Lagunes et al. 2016), and landscape-level variables (e.g., forest cover, level of fragmentation, mean 

distance among patches and matrix quality; Arroyo-Rodríguez et al. 2013, Benchimol and Peres 2013b, 

da Silva et al. 2015, Galán-Acedo et al. 2019a), can affect the presence and/or abundance of primates. 

However, as most studies have been carried out at single temporal and spatial scales, additional 

assessments of primates’ responses to spatial changes through time are needed to design effective long-

term conservation strategies (Chapman et al. 2018, Galán-Acedo et al. 2019a). 
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Southern Mexico represents the northernmost distribution limit of Neotropical primates and is 

inhabited by three species: Alouatta pigra, A. palliata and Ateles geoffroyi (Estrada and Coates-Estrada 

1996). Among these species, the black howler monkey (A. pigra) has the most restricted distribution 

(Horwich and Johnson 1986). Throughout the geographic range of this primate, rainforests have been 

degraded, fragmented and converted into agricultural lands, threatening their populations (Estrada et al. 

2002). It has been suggested that all howler monkeys (Alouatta spp.) are relatively resistant to the initial 

phases of habitat disturbance, due to their flexible diet and small area requirements (Silver et al. 1998, 

Kowalewski and Zunino 1999, Rangel-Negrín et al. 2014). However, they can be negatively affected by 

ongoing habitat loss and degradation, potentially becoming locally or regionally extinct in the long run 

(e.g., Van Belle and Estrada 2005, Dias et al. 2015, Puig-Lagunes et al. 2016). Potential negative effects 

of habitat disturbance on black howler monkeys include altered dispersal and reproductive patterns, and 

increased endogamy, stress levels, disease incidence and mortality rates (Arroyo-Rodríguez and Dias 

2010). 

Although longitudinal studies on primate responses to habitat changes—and in particular for 

howler monkeys—are scarce, they are becoming more frequent. One patch-scale study of Alouatta caraya 

in northern Argentina used a longitudinal approach (1984–1995) and concluded that these primates were 

resilient to deforestation (Kowalewski and Zunino 1999). Similarly, Cristóbal-Azkarate et al. (2017) 

showed that between 2000 and 2011 there was an increase in the number of individuals of A. palliata in 

forest patches at Los Tuxtlas, Mexico. However, a 7-year study of A. pigra in Campeche, Mexico, showed 

that population growth and infant survival were negatively related to habitat disturbance (Dias et al. 2015). 

Yet, to our knowledge, no study to date has linked the temporal changes in landscape-scale spatial patterns 

to changes in population parameters of these primates. As primates in general (Galán-Acedo et al. 2019a, 

b) and howler monkeys in particular (e.g., Asensio et al. 2009, Pozo-Montuy et al. 2013) can travel in and 

out of habitat patches, they may be more strongly affected by the spatial structure of surrounding 

landscapes than by the characteristics of individual patches (see Fahrig 2013). Therefore, additional 

longitudinal landscape-scale studies are needed to better understand the impact of land-use change on this 

forest-specialist species. 

Here, we present the first longitudinal assessment of the effects of landscape changes on black 

howler monkeys in the Lacandona rainforest, a biodiversity hotspot that maintains the highest mammal 

biodiversity in Mexico (Medellín 1994). Despite its great ecological importance, the region has undergone 

an intense and continuous process of land-use change, with high deforestation and degradation rates 
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throughout the last three decades, mainly due to agriculture (Carabias et al. 2015). In a period of 6 years 

we quantified structural landscape changes in terms of both its composition (i.e., forest cover and matrix 

openness) and configuration (i.e., number of forest patches and edge density). We then related these 

changes to those recorded in two important black howler monkey population parameters (i.e., number of 

individuals and immature-to-female ratio). Due to the relatively recent history of deforestation in the 

region, we expected to find high variability in the change of all landscape variables, as well as in the 

change of population parameters among study sites. We expected to find a positive effect of forest cover 

on both population parameters because this landscape metric is a proxy of resource availability and 

landscape connectivity. Number of patches (fragmentation level) and forest edge density are also predicted 

to have positive effects on both population parameters because these two metrics are negatively related to 

mean patch isolation distance (Fahrig 2003, 2017), and can therefore favor inter-patch animal movements 

and food availability through landscape supplementation dynamics (Dunning et al. 1992, Asensio et al. 

2009). Following a similar rationale, we expected to find a negative impact of an increase in the proportion 

of the matrix covered by open (i.e., treeless) land uses because such increase is expected to limit landscape 

connectivity and resource availability for arboreal primates (Galán-Acedo et al. 2019a, b). 

Methods 

Compliance with ethical standards  

This research is based on observational data. It adhered to national and international guidelines and was 

conducted in accordance with the legal requirements of the National Autonomous University of Mexico 

(UNAM), and the country of Mexico (NOM-059: SEMARNAT 2010). We were granted access to all 

study sites by landowners and authorities.  

 

Study area  

The Lacandona rainforest, located in the northeast of the Mexican state of Chiapas (16o 05’N, 90o 25’W; 

Fig. 1), has a warm-humid climate, with average temperatures ranging from 24 to 26 ºC and annual mean 

rainfall ranging from 2,500 to 3,500 mm (Instituto Nacional de Ecología 2000). The region, originally 

covered by old-growth tropical rainforest, has a high biodiversity and is considered of high conservation 

priority in Mexico (Arriaga et al. 2000). However, the area is highly threatened by anthropic pressures, 

such as land-use change and illegal extraction of fauna and flora (Carabias et al. 2015). To protect its 
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biodiversity, the Montes Azules Biosphere Reserve was established in the northern part of the region, 

encompassing 331,200 ha of continuous tropical rainforest (Instituto Nacional de Ecología 2000). 

However, south from this reserve, the Marqués de Comillas Region comprises 203,999 ha of anthropic 

lands, where different-sized forest patches are surrounded by a matrix of agricultural lands, successional 

vegetation and human settlements. We conducted this study in 22 forest sites located at similar altitude 

(1-200 m a.s.l.): 19 forest patches (3-92 ha) in Marqués de Comillas and three continuous forest sites 

inside the biosphere reserve (Fig. 1).  

 
Figure 1. Location of the 22 forest sites in the Lacandona rainforest, Mexico. Points represent the center of each site. 

From the center of each site we estimated the spatial structure of seven different-sized landscapes. Circles surrounding 

each point represent the largest buffer, i.e. 1400-m radius. (a) Close-up in white point, representing the land-cover 

classification used (i.e. old-growth forests, secondary forests, annual crops, arboreal crops, cattle pastures, human 

settlements and water) and the different-sized landscapes surrounding each site (radii of 200 m to 1,400 m, at 200-m 
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intervals, from the center of each forest site). (b) Schematic map, showing the Montes Azules Biosphere Reserve, and 

the Marqués de Comillas region. (c) Location map. 

 

Study species  

The black howler monkey (Alouatta pigra) has a restricted distribution, being endemic to Mexico, Belize 

and Guatemala. It mainly inhabits primary tropical forests but can also be found in disturbed forests 

(Arroyo-Rodríguez et al. 2013; Dias et al. 2015). Its diet is flexible (from highly folivorous to highly 

frugivorous, depending on food availability; Dias and Rangel-Negrín 2015). Group sizes range from 2 to 

12 individuals (Crockett and Eisenberg 1987; Van Belle and Estrada 2008). According to the IUCN’s Red 

List and Mexico’s legislation, the species is considered Endangered, with declining populations 

(SEMARNAT 2010; Marsh et al. 2008).  

 

Landscape metrics  

We used a patch-landscape approach (sensu Fahrig 2013), in which we measured response variables in 

the 22 forest sites, whereas the explanatory variables were measured in the local landscapes containing 

each site. Given a home range size for black howler monkeys of 6.3 ± 1.1 ha (mean ± SD) and a daily 

ranging distance of 393 ± 74 m (Fortes et al. 2015), we considered sites as independent, as forest patches 

were separated by more than 1.5 km and continuous forest sites by more than 2.5 km. We used high 

resolution (10 m) satellite images from 2010 (SPOT 5) and 2016 (Sentinel 2 A), produced by sensors with 

comparable radiometric features (Hagolle et al. 2015). Using Spring 3.3 (Camara et al. 1996), we 

identified six land-cover types: old-growth forest, secondary forest, cattle pasture, annual crop (e.g. chili 

pepper, corn), arboreal crop (e.g. rubber, oil palm), and human settlement (e.g. houses, roads) (see Step 1, 

Fig. A1). Following the map validation procedure proposed by Olofsson et al. (2014), we obtained a 

classification accuracy of 80.0% in 2010 and 80.3% in 2016, with inaccuracies mainly caused by the 

differentiation between annual crops and pastures. As these two land cover types were pooled in our 

analyses, such inaccuracies did not affect our results. 

We characterized landscape structure using five variables: three configurational variables (number 

of forest patches, edge density and mean inter-patch distance) and two compositional variables 

(percentage of forest cover and matrix openness in the landscapes containing each patch) (Step 2, Fig. 

A1). We tested these landscape predictors because they can have strong effects on primate populations 
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(Galán-Acedo et al. 2019a), especially on black howler monkey abundance in the region (Arroyo-

Rodríguez et al. 2013). The description and ecological justification of the selected landscape metrics are 

presented in Table 1. As species’ responses to landscape structure may be scale-dependent (Jackson and 

Fahrig 2015), we assessed the effect of each landscape metric in seven different-sized landscapes 

containing each forest site (radii from 200 m to 1,400 m, at 200-m intervals, from the center of each site), 

to determine the scale of effect (see below). Except in two cases, the 1,400 m radius was the largest radius 

that still avoided spatial overlap between the buffers of two sites, thus increasing independence between 

sample units (Eigenbrod et al. 2011). The smaller scales (200- and 400-m radius) were included following 

Jackson & Fahrig (2015), who recommend that to avoid measuring landscape structure at suboptimal 

scales, the scales at which landscape variables are measured should range widely, from the size of a single 

territory to well above the average dispersal distance. As stated above, the home range size of howler 

monkeys averages 6.3 ha, but larger sizes have been reported (reviewed by Galán-Acedo et al. 2019c). 

Therefore, the 200-m radius (12.6 ha) can represent the territory size of a black howler monkeys’ group. 

Although relatively small, this landscape size was large enough to show a high variation in all explanatory 

variables (Supplementary Material, Table A1), which is needed to make accurate landscape-scale 

inferences (Eigenbrod et al. 2011). In eight fragmented sites close to the river, some buffers included a 

portion of the biosphere reserve, whereas buffers of two continuous forest sites presented some overlap 

with the fragmented area (Fig. 1). In all these cases, as the river represents a barrier for howler monkey 

populations, we excluded the spatial information from the other side of the river, i.e. for the forest patches 

whose buffers included the continuous forest, we excluded the area covered by continuous forest from the 

spatial characterization of the patches’ matrix, and vice versa for the two continuous forest sites whose 

buffers included the fragmented region.  
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Table 1. Definition and ecological justification of the landscape metrics assessed in the study.  

Landscape metric Metric description Ecological interpretation  Refs.a 

Forest cover Percentage of landscape area covered by 
old-growth forest cover 

A proxy of landscape-scale habitat 
amount, resource availability and 
landscape connectivity 

1,2,3 

Matrix openness 
Percentage of the matrix composed of 
treeless areas (i.e. cattle pastures, annual 
crops and human settlements) 

Open-area matrices increase negative 
edge effects and limit inter-patch 
movements. These matrices also limit 
landscape supplementation dynamics  

2,3,4 

Number of patches Number of forest patches in the landscape 

Positively related to landscape 
connectedness and the number of 
subpopulations in the landscape. Also, 
landscape supplementation dynamics 
May be enhanced in landscapes with 
more patches 

2,5 

Edge density  Length of all old-growth forest edges 
divided by total landscape area (m/ha) 

Positively related to landscape 
connectedness and availability of 
pioneer tree species (which can be 
important food resources for howler 
monkeys, such as Cecropia 
obtusifolia). But it can also have 
negative impacts on primates through 
negative edge effects, such as an 
increased mortality of emergent trees 
at forest edges 

2,5,6 

Inter-patch distance  
Average value (m) of the shortest edge-to-
edge distance between all possible pairs of 
patches in the landscape 

Inversely related to landscape 
connectedness, with potential 
negative effects on inter-patch animal 
movements   

2,6 

aReferences: 1. Fahrig (2003), 2. McGarigal et al. (2012), 3. Fahrig (2017), 4. Galán-Acedo et al (2019a), 5. Dunning 
et al. (1992), 6. Bennet and Saunders (2010).   

 

Primate surveys  

We conducted surveys between April and October in 2011 and 2017, using the same methods applied in 

previous research on the species (e.g. Rosales-Meda et al. 2007, Arroyo-Rodríguez et al. 2013). Briefly, 

two people walked slowly (1 km/hr) inside and around each forest site, starting at 6:00 h, looking for 

groups and locating them by their long-distance vocalizations. Survey duration in each site varied 

according to area: 2 days for 3-4 hours each day in small patches (<10 ha), 3 days for 5-6 hours daily in 
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medium-sized patches (10-50 ha), 4 days for 7-8 hours daily in larger patches (>50 ha), and 5 days for 9-

10 hours daily in continuous forest sites. Surveys in the continuous forest sites were restricted to an area 

of approximately 100 ha to standardize sampling area. Once we established visual contact with howler 

monkeys, we registered the geographical position of the group with a GPS and counted individuals, 

classifying each one as adult male, adult female, juvenile or infant (Rosales-Meda et al. 2007). We then 

obtained primate abundance from the total number of individuals observed during the surveys and 

calculated the immature-to-female ratio as the number of infants and juveniles divided by the number of 

adult females. The ratio of immatures to females is a measure of successful reproduction commonly used 

in howler monkey studies (e.g. Arroyo-Rodríguez et al. 2008, Cristóbal-Azkarate et al. 2005); yet, it is 

not only affected by female reproductive output and immature survival, but also by variations in the 

abundance of adult females.  

 

Data analyses  

All analyses were carried out using R version 3.5.1 (R Core Team 2018). We first tested for differences 

in population parameters between continuous forest sites and forest patches with t-Student tests. We then 

obtained the differences between years (2016 values – 2010 values) for each landscape metric (forest 

cover, matrix openness, number of patches, edge density and mean inter-patch distance; Table A1) and 

used generalized linear mixed models to evaluate such differences at the largest scale (1,400-m radius 

landscape; Fig. A2). We used the same analysis for assessing differences in each primate population 

parameter (primate abundance and immature-to-female ratio) between years (2011–2017). For percentage 

of forest cover and matrix openness we selected a binomial distribution with a logit link-function. All 

other variables were log-transformed to normalize their residuals and analyzed with a normal error 

distribution and identity link-function. We assessed model fit with a Shapiro-Wilk test on model residuals. 

For all models, we used year as a fixed factor, and site ID as a random factor. To assess whether complete 

models (i.e. with both fixed and random factors) were a better fit for dependent variables than solely the 

random factors, we used likelihood ratio tests. In these tests we compared null models including only the 

random factor with the complete models (Pinheiro and Bates 2000). We evaluated the change in landscape 

drivers (landscape ∆s = 2016 values – 2010 values) and the changes in howler monkeys’ demographic 

attributes (primate ∆s = 2017 values – 2011 values) (Steps 3-4, Fig. A1). Positive delta values (∆) indicate 
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that a variable increased through time, i.e. it showed a higher value in 2017/2016 than in 2011/2010, 

whereas negative values indicate the opposite.  

As we did not know a priori the landscape size that better predicted primate population responses 

to changes in landscape structure, we followed Jackson and Fahrig (2015) to determine the scale of effect 

of each landscape metric change (Step 5, Fig. A1). We used generalized linear models to quantify the 

association between the change in each landscape metric (landscape ∆s) and the change in each 

demographic attribute (primate ∆s). We obtained the AIC (Akaike’s Information Criterion) and the 

percentage of explained deviance of each univariate model to identify the spatial scale (i.e. length of the 

radius of the circular landscape, measured from the center of each forest site) at which the strongest 

relationship occurred (lowest AIC and highest percentage of explained deviance). Most scales of effect 

were relatively small (Table A2). In 3 out of 8 cases, monkeys responded most strongly to landscape 

metrics measured at the 200-m radius, and in another 3 cases, to metrics measured at the 400-m radius. 

These scales of effect are within the range reported in other studies (Ordóñez-Gómez et al. 2015, Galán-

Acedo et al. 2018, Gestich et al. 2019) and can be related to the relatively small home-range size of the 

species.   

 Finally, we used a multimodel averaging approach (Burnham and Anderson 2002) with 

generalized linear models to assess the relationship between the landscape ∆s (measured at their scale of 

effect; Table A2) and the primates ∆s (Step 6, Fig. A1). We used the ‘glmulti’ package (Calcagno and de 

Mazancourt 2010), selecting a normal distribution with an identity-link function. To avoid 

multicollinearity among multiple models, we estimated the Variance Inflation Factor (VIF) for each 

predictor, using the ‘car’ package (Fox and Weiberg 2011). In several cases VIF values for mean inter-

patch distance were higher than 4, indicating collinearity (Neter et al. 1996). Since this landscape predictor 

was negatively correlated with forest cover (r = -0.91), we excluded it from analyses. For each response 

variable (primate ∆s) we then constructed 16 models, representing all combinations of the four explanatory 

variables (∆forest cover, ∆matrix openness, ∆edge density and ∆number of patches) and the null model 

(which includes only the intercept). We calculated the Akaike Information Criterion of each model 

corrected for small samples (AICc) and arranged the models from best to worst (i.e. lowest to highest 

AICc). We obtained model-averaged parameter estimates using Akaike weights (wi). Then, we calculated 

the sum of Akaike weights (∑wi) of each ∆ landscape predictor, which represents the probability that this 

predictor is within the true best model (Burnham and Anderson 2002). To be conservative, we considered 

a landscape attribute as an important explanatory variable if the following three criteria were met: (i) it 
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showed a relatively high sum of Akaike weights; (ii) the model-averaged unconditional variance was 

lower than the model-averaged parameter estimate; and (iii) the complete model showed a relatively high 

percentage of explained deviance (i.e. relatively high goodness-of-fit; Burnham and Anderson 2002).   

Results 

Population parameters did not differ between continuous and fragmented forests (primate abundance: t = 

0.39, p = 0.70; immature-to-female ratio: t = 0.56, p = 0.58). Landscape structure changed through time, 

with high variability in those changes among sites (Table A1; Fig. A2). The percentage of forest cover 

(full model vs. null model: c2 = 5.6, p < 0.02) and matrix openness (c2 = 7.5, p < 0.01), showed a significant 

increase from 2010 to 2016 (Table 2). Total primate abundance (c2 = 4.2, p < 0.04) and the immature-to-

female ratio (c2 = 11.3, p < 0.001) also differed between years, with an increase of 27% in the number of 

monkeys between 2011 and 2017, and a decrease of 35% in the immature-to-female ratio (Tables 2 and 

3). Three forest patches did not present any individuals in both years (Table 3).  

 

Table 2. Landscape composition and configuration metrics and Alouatta pigra population parameters 

sampled in two different years in the Lacandona rainforest, Mexico. Mean (± SD) values are indicated. 

Landscape metrics were recorded in buffers with 1,400-m radii measured from the center of each forest 

site (N = 22). Demographic attributes come only from forest sites occupied by howler monkeys (N = 19). 

Differences between years were evaluated with generalized linear mixed models and a likelihood ratio 

test. We show the b-estimate and standard error (SE) of each model. 

Variables Year b SE t p 
Landscape metrics 2010 2016     
Compositional metrics       

   Forest cover (%) 52.5 ± 23.9 53.5 ± 23.1 0.011 0.005 2.36 0.02 

   Matrix openness (%) 70.4 ± 29.6 73.0 ± 31.7 0.081 0.008 10.7 <0.001 

Configurational metrics       

   Number of patches 18.0 ± 12.5 16.5 ± 10.7 -0.371 0.192 -1.94 0.07 

   Edge density (m/ha) 65.9 ± 30.1 64.1 ± 34.1 -0.009 0.008 -1.06 0.30 
 

Demographic attributes 2011 2017     

   Number of individuals 11.7 ± 8.7 16.0 ± 10.9 0.045 0.021 2.14 0.047 

   Immature-to-female ratio 0.9 ± 0.5 0.6 ± 0.4 -0.105 0.029 -3.67 0.002 
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We found clear associations between the temporal changes in landscape structure (measured at 

their scale of effect, Table A2) and the temporal changes in primate population parameters (Fig. 2). Yet, 

based on the goodness-of-fit of the models, changes in the immature-to-female ratio (59% of explained 

deviance) were better predicted by changes in landscape structure than changes in primate abundance 

(34%). All model-averaged parameter estimates (slopes) were higher than their respective unconditional 

variances, suggesting confidence in the estimations (Table A3). Considering the sum of Akaike weights 

(∑wi), changes in howler monkey populations were better predicted by changes in the number of patches 

and changes in forest edge density than by changes in matrix openness and forest cover. In particular, both 

demographic variables increased in forest sites found in landscapes where the number of forest patches 

increased through time (Fig. 2a-b). Yet, the immature-to-female ratio decreased in sites found in 

landscapes in which the density of forest edges increased (Fig. 2b; Table 4). Changes in matrix openness 

were also negatively related to changes in immature-to-female ratio (Fig. 2a-b; Table A2). The association 

between changes in forest cover and changes in population parameters was positive, being more important 

for primate abundance than for immature-to-female ratio (Fig. 2a; Table 4). 
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Table 3. Results of Alouatta pigra population monitoring in the Lacandona rainforest in 2011 and 2017, and the deltas between years (2017 
values – 2011 values) in three continuous forest sites (CF) and 19 forest patches (FP). Sites IDs correspond to those showed in Fig. 1 and Table 
A1. AM = adult males, AF = adult females, J = juveniles, IN = infants, I/F = immature-to-female ratio, TA = total abundance.  
  2011   2017   Deltas 
Site  AM AF J IN I/F  TA   AM AF J IN I/F  TA   AM AF J IN I/F  TA 

CF1 4 3 1 1 0.67 9  2 2 1 0 0.5 5  -2 -1 0 -1 -0.2 -4 
CF3 6 3 3 0 1 12  4 5 1 0 0.2 10  -2 2 -2 0 -0.8 -2 
CF4 4 3 2 1 1 10  9 9 6 0 0.67 24  5 6 4 -1 -0.3 14 
FP2 2 3 2 1 1 8  6 4 2 1 0.75 13  4 1 0 0 -0.3 5 
FP3 0 0 0 0 0 0  0 0 0 0 0 0  0 0 0 0 0 0 
FP4 3 2 0 0 0 5  7 4 3 1 1 15  4 2 3 1 1 10 
FP5 3 2 3 0 1.5 8  2 2 2 1 1.5 7  -1 0 -1 1 0 -1 
FP7 2 1 1 0 1 4  1 3 1 0 0.33 5  -1 2 0 0 -0.7 1 
FP8 0 0 0 0 0 0  1 4 1 0 0.25 6  1 4 1 0 0.25 6 
FP10 4 1 2 0 2 7  3 4 2 0 0.5 9  -1 3 0 0 -1.5 2 
FP11 8 7 5 3 1.14 23  6 8 1 1 0.25 16  -2 1 -4 -2 -0.9 -7 
FP13 3 3 3 1 1.33 10  5 5 1 1 0.4 12  2 2 -2 0 -0.9 2 
FP15 0 0 0 0 0 0  0 0 0 0 0 0  0 0 0 0 0 0 
FP16 1 2 0 1 0.5 4  7 5 6 3 1.8 21  6 3 6 2 1.3 17 
FP17 0 0 0 0 0 0  0 0 0 0 0 0  0 0 0 0 0 0 
FP18 10 12 11 2 1.08 35  11 15 8 2 0.67 36  1 3 -3 0 -0.4 1 
FP19 2 6 2 0 0.33 10  5 9 1 1 0.22 16  3 3 -1 1 -0.1 6 
FP20 5 3 2 0 0.67 10  4 7 1 2 0.43 14  -1 4 -1 2 -0.2 4 
FP21 8 10 5 2 0.7 25  19 13 6 1 0.54 39  11 3 1 -1 -0.2 14 
FP23 2 5 3 2 1 12  3 7 1 2 0.43 13  1 2 -2 0 -0.6 1 
FP25 7 9 5 2 0.78 23  14 15 6 2 0.53 37  7 6 1 0 -0.2 14 
FP28 3 1 1 1 2 6  2 2 1 0 0.5 5  -1 1 0 -1 -1.5 -1 



 100 

 

Table 4. Additive models assessing the relationship between changes in the abundance of howler monkeys 

and immature-to-female ratio (primate ∆s = 2017 values – 2011values), and changes in landscape structure 

(landscape ∆s = 2016 values – 2010 values). We show the five best models for both primate response 

variables. We present results of Akaikes’ Information Criterion for small samples (AICc), the sum of 

Akaike Weights (wi), the difference between each model and the best model (ΔAICc), and the percentage 

of deviance explained by each model (%ED). Forest cover = FC, number of patches = NP, matrix openness 

= MO, and edge density = ED.  

Model  AICc wi ΔAICc %ED 
Primate abundance ~ 1+FC+NP 146.76 0.21 0 26.73 
Primate abundance ~ 1+FC 147.77 0.12 1.01 11.99 
Primate abundance ~ 1 147.88 0.12 1.12 0 
Primate abundance ~ 1+FC+NP+ED 148.36 0.09 1.6 32.47 
Primate abundance ~ 1+NP 148.61 0.08 1.85 8.56 

Immature-to-female ratio ~ 1+ NP+MO+ED 37.87 0.46 0 58.09 

Immature-to-female ratio ~ 1+NP+ED 39.75 0.18 1.88 46.48 

Immature-to-female ratio ~ 1+MO+ED 40.76 0.11 2.89 43.92 

Immature-to-female ratio ~ 1+FC+NP+MO+ED 41.06 0.09 3.19 59.36 

Immature-to-female ratio ~ 1+FC+NP+ED 42.71 0.04 4.84 47.55 
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Figure 2. Effect of landscape structure change (landscape ∆s) between 2016 and 2010 on changes in population 

parameters (primate ∆s) of black howler monkeys (Alouatta pigra) between 2017 and 2011 in the Lacandona rainforest, 

Mexico. We assessed changes in primate abundance (a), and immature-to-female ratio (b). We present the sum of Akaike 

weights (Swi) of each landscape predictor, showing both positive parameter estimates (black), and negative parameter 

estimates (grey). We also indicate the values of pseudo-R2, i.e. the percentage of deviance explained by complete models. 

Values at the right side of each bar are the scale of effects (i.e. radius in meters of landscape buffers) of each landscape 

metric on each response (see details in Table A2). 
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Discussion 

This longitudinal study is the first to assess the effects of temporal and spatial changes in landscape 

structure on demographic attributes of the black howler monkey – an endangered primate with a highly 

restricted distribution (Marsh et al. 2008). Our findings indicate that the Mexican portion of the Lacandona 

rainforest is highly dynamic, with different sites undergoing contrasting changes in landscape structure 

through time. Howler monkeys responded strongly to such changes, including those describing landscape 

configuration (i.e. number of forest patches and forest edge density) and those associated with landscape 

composition (i.e. forest cover and matrix openness). As predicted, the number of individuals increased in 

sites located in landscapes in which forest cover increased. Additionally, both the number of individuals 

and immature-to-female ratio increased in sites surrounded by landscapes with increasing number of 

patches over time, but where the proportion of treeless land decreased in the matrix. Yet, in contrast to 

our predictions, the immature-to-female ratio decreased in sites with an increasing density of forest edges. 

These novel findings indicate that this primate species might not be as tolerant to landscape disturbance 

as generally thought (e.g. Silver et al. 1998, Rangel-Negrín et al. 2014), as both population parameters 

were clearly associated with landscape changes occurring over a relatively short (6 years) time period. 

The number of individuals increased through time. This finding is unexpected because this species 

has a relatively long lifespan (>30 years: Glander 2004) and a slow life-history (e.g. mean interbirth 

interval = 18 months: Dias et al. 2016) – attributes that can result in time-lagged responses to habitat 

disturbance (Metzger et al. 2009). Such a relatively rapid increase can be related to two non-exclusive 

mechanisms. First, the continuous deforestation in the region could be pushing the remaining individuals 

to take refuge in remnant forest patches, causing them to concentrate there. This phenomenon is known 

as the ‘crowding effect’ and has been shown to occur in forest-specialist species, including insects (Grez 

et al. 2004), terrestrial mammals (Laurance 1991, Arce-Peña et al. 2019), and howler monkeys (Arroyo-

Rodríguez and Dias 2010). The second mechanism is related to the social system of this primate. Howler 

monkeys live in groups that constantly move around the landscape in the search of resources (Estrada 

1984, Crockett and Eisenberg 1987). Both males and females immigrate from their natal groups to enter 

other groups or form new groups (Crockett and Eisenberg 1987). Thus, it could be possible that individuals 

in forest patches are not being able to disperse from their natal group due to an increasingly open and 

inhospitable matrix (Arroyo-Rodríguez and Dias 2010). Whatever the cause of such accumulation of 

individuals, it could have negative impacts on the long-term persistence of howler monkey populations. 

For example, high population densities can cause a reduction in food availability and an increase in 
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competition (Cristóbal-Azkarate and Arroyo-Rodríguez 2007). Furthermore, high densities can cause 

higher levels of disease and parasitism (Arroyo-Rodríguez and Dias 2010), which are important mortality 

causes in howler monkeys (Holzmann et al. 2010). Therefore, increasing landscape connectedness can be 

critical for primate conservation in the region (see below). 

The disruption of female emigration from natal groups could explain the observed decrease in 

immature-to-female ratio. The number of immature individuals was similar in both years, averaging 3.6 

individuals in 2011 and 2017 (Table 3). Yet, the mean number of adult females was 38% higher in 2017 

(6.5 individuals) than 2011 (4 individuals) (Table 3). Dias et al. (2015) show that the number of immature 

individuals is usually stable through time in a fragmented forest, and that females migrate from natal 

groups at the age of ~4 years. Thus, the observed decrease in immature-to-female ratio in our study could 

be caused by a lack of female migration due to spatial changes in landscape structure, such as the increase 

in matrix openness. Consistent with this idea, the number of females increased more in forest patches 

surrounded by increasing matrix openness (Table A1). However, the number of females also increased in 

two continuous sites where dispersal movements are not limited. In these cases, the increase in female 

abundance could actually be associated to immigrations of females from other landscapes. 

The number of individuals, but more importantly the immature-to-female ratio, increased with 

increasing the number of fragments, i.e. increasing fragmentation. These results support a recent review 

of species’ responses to habitat fragmentation per se by Fahrig (2017), which suggests that significant 

responses to fragmentation are mostly positive. Galán-Acedo et al. (2019a) also found a similar pattern in 

a review of primate responses to fragmentation, and other case studies indicate that howler monkeys are 

not the exception (Anzures-Dadda and Manson 2007, Arroyo-Rodríguez et al. 2013). Therefore, our 

findings support that mechanisms resulting in positive responses to fragmentation may be more important 

than those resulting in negative responses (reviewed by Fahrig et al. 2019). For example, a high number 

of patches remaining in the landscape can reduce inter-patch isolation distances and facilitate animal 

movements between patches (Anzures-Dadda and Manson 2007, Fahrig 2017). Decreasing isolation 

distances can also reduce movement-related risks and favor landscape-scale processes critical for 

population maintenance in fragmented landscapes, such as source/sink dynamics and landscape 

supplementation dynamics (sensu Dunning et al. 1992). Finally, as the number of patches increases, the 

number of sub-populations can also increase, which can facilitate metapopulation persistence (Hanski 

1999). Therefore, increasing the number of forest patches while simultaneously maintaining or increasing 

forest cover in the landscape could favor primate conservation in the region. Of course, this does not mean 
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that we should break apart the remaining patches because this would result in habitat loss – a critical threat 

to howler monkeys (present study), and other primates (Galán-Acedo et al. 2019a). We rather suggest 

increasing the number of forest patches through active or passive restoration (the so-called ‘reverse 

fragmentation’; sensu del Castillo 2015), which would result in an increase in both habitat amount and 

landscape connectedness. 

The fact that the number of individuals increased in sites that showed an increase in forest cover 

over time is not surprising. For arboreal primates, forest cover is a proxy of habitat amount in the 

landscape, as they depend on forest for finding food, shelter, and sites for reproduction (Silva et al. 2015). 

Arroyo-Rodríguez et al. (2008) also report that landscapes with higher forest cover have a higher number 

of howler monkeys (A. palliata) in the Los Tuxtlas rainforest, Mexico. In fact, this landscape variable is 

an important predictor of primate distribution, abundance and richness in fragmented forests across the 

world (da Silva et al. 2015, Dias et al. 2015, Puig-Lagunes et al. 2016, Galán-Acedo et al. 2019a). 

Percentage of forest cover also has positive effects on many other forest-dependent taxa (Benchimol and 

Peres 2013a, Morante-Filho et al. 2018), probably due to its positive association with landscape 

connectedness and resource availability (Fahrig 2003, 2013). Therefore, prevention of forest loss and 

increase in forest cover (e.g. through restoration) are needed to preserve howler monkeys.  

Our findings also highlight the key role played by matrix quality in maintaining howler monkey 

populations. Matrix openness was negatively related to both population parameters, but more importantly 

to the immature-to-female ratio. The importance of the matrix for primate populations had been reported 

in a previous study of black howlers in the region (Arroyo-Rodríguez et al. 2013), as well as in a global 

review of primate responses to landscape structure (Galán-Acedo et al. 2019a). As other primates (Arroyo-

Rodríguez et al. 2017, Galán-Acedo et al. 2019b), black howler monkeys can use the matrix for feeding 

and traveling, but such use depends on matrix quality, which in this case was related to the availability of 

trees in the matrix (Arroyo-Rodríguez et al. 2017). Thus, the increase of treeless areas in the matrix limits 

resource availability and landscape connectedness, and ‘forces’ primates to inhabit the remaining forest 

patches (Dias et al. 2015). Although howler monkeys can move through highly disturbed matrices to reach 

isolated food patches (Fortes et al. 2015), these movements involve risks such as road kills, predation, and 

hunting, especially for immature individuals. Therefore, consistent with previous studies (Arroyo-

Rodríguez et al. 2017, Galán-Acedo et al. 2019a, 2019b), matrix enrichment with native food-plant trees 

and creation of wooded corridors may be critical for primate conservation. Decreasing matrix openness 

by changing open-area matrices (e.g. annual crops, cattle pastures) to different arboreal crops (e.g. mango, 
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guava) and agroforests (e.g. shade coffee and cacao plantations) can have numerous benefits for both 

primates and humans (see Arroyo-Rodríguez et al. 2017). 

Finally, in contrast to our prediction, the immature-to-female ratio decreased in landscapes where 

edge density increased through time. This result could represent two non-exclusive effects of edge density 

on primate populations: (i) a positive effect on the number of adult females, and (ii) a negative effect on 

the number of immatures. Positive effects on adult individuals have been previously reported (Arroyo-

Rodríguez et al. 2013), probably because sites surrounded by higher edge density can be better connected 

to other patches. In particular, edge density is higher in landscapes dominated by patches with more 

complex shapes, and such patches can be more frequently colonized by dispersing fauna (Ewers and 

Didham 2006). Edge density can also increase food availability through landscape supplementation 

dynamics (Dunning et al. 1992, Asensio et al. 2009), as the amount of forest that is in contact with the 

anthropogenic matrix increases with edge density. In fact, forest edges are typically dominated by fast-

growing light-demanding tree species, and these highly productive trees (e.g. Cecropia, Ficus) are known 

to be top food species for howler monkeys (Dias and Rangel-Negrín 2015). Yet, immature individuals 

could be negatively affected by increasing edge density because of an increased vulnerability to predation 

and human-related activities (e.g. hunting, extraction for illegal trade, road-kills) at forest edges 

(Michalski and Peres 2005). Accurately testing the relative importance of these processes is necessary to 

better understand the role of edge density in maintaining primate populations, and thus improving 

conservation strategies. 

Conclusions  

The rapid response of howler monkeys to landscape spatial changes suggests that this species may not be 

as tolerant to landscape disturbance as previously proposed (Silver et al. 1998, Rangel-Negrín et al. 2014). 

Although we did not assess temporal changes in patch-scale characteristics such as patch size, quality and 

history – a very interesting topic that needs to be assessed in future studies – our research indicates that 

relatively short-term landscape-scale changes can have important effects on black howler monkey 

populations. To improve landscape quality for this endangered primate species, conservation actions 

should include: (i) preventing forest loss and increasing forest cover (passive or active restoration); (ii) 

generating or increasing the size of forest patches in the landscape (i.e. reverse fragmentation); and (iii) 

decreasing the amount of treeless areas by enriching the matrix with native tree species, wooded corridors 

and different arboreal crops and agroforests. Overall, these management strategies can contribute to 
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increasing both resource availability and landscape connectedness for howler monkeys and many other 

forest-dependent species in this important but vanishing biodiversity hotspot. 
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Supplementary material 

 

Table A1. Delta values (∆ = 2016 – 2010) of landscape features at the 1,400 m, 400 m and 200 m scales. 

CF = continuous forest sites, FP = forest patches. 

Site  
∆Forest cover (%) ∆Matrix openness (%) ∆Number of patches ∆Edge density (m/ha) 

1400 m 400 m 200 m 1400 m 400 m 200 m 1400 m 400 m 200 m 1400 m 400 m 200 m 
CF1 0.0 0.0 0.0 0.0 0.0 0.0 0 0 0 0.0 0.0 0.0 
CF2 0.0 0.0 0.0 0.0 0.0 0.0 0 0 0 0.0 0.0 0.0 
CF4 0.0 0.0 0.0 0.0 0.0 0.0 0 0 0 0.0 0.0 0.0 
FP2 1.5 16.9 18.6 3.4 4.1 -46.7 8 1 1 23.2 83.5 -33.9 
FP3 -1.0 -10.6 -12.2 20.2 14.5 49.9 -12 -3 0 14.8 -49.9 -67.8 
FP4 2.2 -1.1 16.0 13.0 34.6 25.2 -1 3 -3 -20.5 -25.9 -203.8 
FP5 -6.9 -3.2 7.7 -1.4 6.7 16.7 -3 -1 0 2.7 28.6 9.9 
FP7 10.8 28.7 51.6 11.4 19.6 52.3 3 -9 -1 -27.0 -38.3 -71.1 
FP8 12.1 2.9 2.5 -7.1 -26.0 -7.7 -1 2 1 35.2 9.8 -55.9 
FP10 2.5 35.5 13.0 12.4 14.3 23.1 -10 -6 0 -23.7 -3.9 -41.2 
FP11 -6.1 -1.7 -7.7 11.5 17.8 10.8 -7 -3 -2 -24.7 -35.4 -33.0 
FP13 12.1 8.2 16.6 7.5 54.0 99.0 -1 -1 1 16.3 11.8 0.5 
FP15 3.1 -1.7 29.5 2.0 16.2 25.8 0 0 -1 -0.8 -43.8 -74.0 
FP16 12.6 14.7 19.5 15.3 11.3 50.0 -6 -1 -2 -7.3 -14.3 -94.3 
FP17 -2.5 -1.9 7.3 4.1 -7.2 13.3 6 0 -3 10.9 1.4 13.2 
FP18 -4.3 -13.8 -11.7 28.7 12.9 26.2 -5 1 0 -6.7 -2.6 0.0 
FP19 0.0 -0.4 0.0 -0.1 -0.8 0.0 -3 0 0 0.0 0.0 0.0 
FP20 4.2 5.2 -12.2 15.9 22.0 0.5 -11 -2 2 1.0 -21.6 60.0 
FP21 -5.4 -0.3 0.8 9.1 9.4 -100.0 -4 1 0 -2.7 -10.7 4.1 
FP23 4.9 -2.0 0.0 9.2 -9.2 0.0 0 0 0 -11.0 -8.3 0.0 
FP25 2.1 0.1 -5.0 2.1 16.7 61.5 -8 0 0 -15.5 -37.8 -23.0 
FP28 0.5 -8.0 -8.3 -13.3 100.0 0.0 6 0 0 -22.4 -12.6 23.6 
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Table A2. Association between temporal changes in primate population parameters (i.e. primate abundance and immature-to-female ratio; 

primate ∆s = 2017 values – 2011 values) and temporal changes in landscape structure (landscape ∆s = 2016 values – 2010 values). We measured 

changes in landscape structure considering 7 different-sized radii (200 m – 1400 m) to identify the landscape size that yields the strongest 

predictor-response association (i.e. scale of effect). We conducted generalized linear models and obtained the AIC value and the percentage of 

explained deviance (%ED). Values in bold represent the best model (lowest AIC and highest percentage of explained deviance), indicating the 

selected scale of effect for each predictor-response association. 
 

  ∆Number of patches ∆Forest cover ∆Matrix openness ∆Edge density  

  % ED AIC % ED AIC % ED AIC % ED AIC 

∆Primate abundance       

1400 2.02 148.80 7.92 147.40 0.32 149.20 0.20 149.20 

1200 4.69 148.20 9.05 147.20 0.01 149.20 0.22 149.20 

1000 0.36 149.20 8.91 147.20 0.14 149.20 0.06 149.20 

800 0.01 149.20 11.99 146.40 0.98 149.00 0.45 149.10 

600 0.10 149.20 9.58 147.00 0.25 149.20 0.00 149.20 

400 8.56 147.30 2.10 148.80 1.26 149.00 0.01 149.20 

200 0.06 149.20 0.73 149.10 1.29 149.00 7.01 147.60 

∆Immature-to-female ratio         

1400 0.68 48.84 3.10 48.29 3.56 48.19 8.03 47.14 

1200 6.46 47.52 1.64 48.62 0.15 48.95 3.10 48.29 

1000 1.32 48.69 0.00 48.98 2.64 48.40 0.01 48.98 

800 0.90 48.79 0.00 48.98 1.08 48.75 5.16 47.82 

600 0.85 48.80 0.00 48.98 3.60 48.18 0.99 48.77 

400 18.18 44.57 2.86 48.32 14.52 45.43 0.22 48.89 

200 14.37 45.57 2.24 48.49 0.01 48.98 29.08 41.42 
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Table A3. Results of information-theoretic based model selection and multimodel inference for assessing 

the impact of landscape structure on two population parameters of black howler monkeys (i.e. primate 

abundance and immature-to-female ratio), while accounting for the scale of effect (see scales in Table 

A1). We show the results obtained when assessing the impact of landscape structure change (landscape 

∆s = 2016 values – 2010 values) on population parameters change (primate ∆s = 2017 values – 2011 

values). We present model-averaged parameter estimates (b) and the unconditional variance (UV) for each 

landscape predictor. All b estimates (i.e. slopes) are higher than their respective UV values, which 

suggests confidence in the estimation of b values (Burnham and Anderson 2002). 

 

  Primate abundance Immature ratio  
Metrics β UV Β UV 

Number of patches 0.44259 0.33201 0.07992 0.00286 
Forest cover 0.19921 0.04321 0.00231 0.00010 
Matrix openness -0.00473 0.00039 -0.00653 0.00003 
Edge density  -0.01060 0.00043 -0.00610 0.00001 
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Figure A1. Conceptual design of our methodological approach.   
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Figure A2. Temporal differences (2016-2010) in the structure of landscapes (1400-m radius from the 

center of each patch) containing 19 forest patches in the Lacandona rainforest, Mexico. Changes between 

years are indicated in percentages: i.e. (2016 value – 2010 value) *100/2010 value. Positive values indicate 

an increase in a given landscape metric, whereas negative values indicate the opposite. Forest patches are 

arranged according to their original size (2010), from the smallest (1) to the largest (19). 
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Abstract 

Understanding the factors and mechanisms shaping differences in species composition across space and 

time (b-diversity) in human-modified landscapes has key ecological and applied implications. This topic 

is, however, challenging because landscape disturbance can promote either decreases (biotic 

homogenization) or increases (biotic differentiation) in b-diversity. We assessed temporal differences in 

inter-site b-diversity of medium- and large-bodied mammals in the fragmented Lacandona rainforest, 

Mexico. We hypothesized that given the relatively short history of land-use changes in the region, and the 

gain and loss of some species caused by landscape spatial changes, b-diversity is increasing through time, 

especially its nestedness component. We estimated b-diversity between 24 forest sites (22 forest patches 

and two continuous forest sites) in 2011 and 2017 to assess whether b-diversity is decreasing or increasing 

in the region, and calculated its turnover and nestedness components to understand the mechanisms 

responsible for changes in b-diversity, separately assessing mammal groups with different body mass, 

feeding guild, and habitat specialization. We then related such temporal changes in b-diversity to temporal 

changes in five landscape variables (forest cover, matrix openness, number of patches, edge density and 

inter-patch distance) to identify the landscape drivers of b-diversity. In contrast to our expectations, b-

diversity decreased over time, suggesting an ongoing biotic homogenization process. This pattern was 

mostly driven by a decrease in species turnover in all mammal groups, especially in landscapes with 

decreasing forest cover and increasing treed matrices. Although the nestedness component showed a 3-

fold increase through time, species turnover was 22 and 6 times higher than nestedness in 2011 and 2017, 

respectively. The decreased turnover appears to be driven by an increase in the dispersal (i.e., spillover) 

of native species among patches. The prevalence of species turnover over nestedness indicates that 

different forest sites have a fairly distinct subset of species (i.e., high complementarity in species 

composition). Therefore, conserving all the remaining forest patches and increasing forest cover is of 

utmost importance to effectively maintain b-diversity and conserve the total diversity (γ) of mammal 

assemblages in this Mesoamerican biodiversity hotspot. 

 

Key words: b-diversity; defaunation; habitat amount; landscape structure; matrix quality; nestedness; 

scale of effect. 
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Introduction  

Habitat loss and degradation are major causes of the contemporary biodiversity crisis (Gibson et al. 2011). 

Such crisis is particularly strong in tropical forests – the most species-rich terrestrial ecosystem on Earth 

(Hillebrand 2004) and also the most deforested and fragmented (Hansen et al. 2013, Taubert et al. 2018). 

The remaining biotic assemblages are forced to inhabit forest patches embedded in matrices composed of 

anthropogenic land covers, such as human settlements, crops, and cattle pastures (Arroyo-Rodríguez et al. 

2020). The responses to such conditions can be highly variable among species (Pfeifer et al. 2017, Betts 

et al. 2019). Yet, as most studies in human-modified landscapes assess changes in within-site diversity 

patterns (i.e., α-diversity), our understanding on the impact of landscape changes on between-site 

differences in species composition (i.e., b-diversity) across space and time remains very limited.  

b-diversity is essential for understanding how species diversity is organized and maintained 

(Condit et al. 2002, Socolar et al. 2016). b-diversity can be partitioned into two components, the species 

turnover (i.e., the substitution of species in one site by different species in another site), and nestedness 

(i.e., the non-random loss of species that results in a poorer assemblage being a subset of a richer one) 

(Baselga and Orme 2012). However, not only has b-diversity received relatively low attention (but see 

McGill et al. 2015, Solar et al. 2015), it is also usually measured at one point in time, so temporal changes 

in spatial b-diversity have been largely overlooked (but see Lôbo et al. 2011, Baselga et al. 2015).  

Changes in b-diversity can be caused by either a process of biotic homogenization or a process of 

biotic differentiation (Baselga 2010, Socolar et al. 2016). Biotic homogenization refers to a decrease over 

time in compositional dissimilarity across space (i.e., lower spatial b-diversity along time) (McKinney 

and Lockwood 1999, Solar et al. 2015). In contrast, biotic differentiation refers to the opposite process – 

an increased spatial b-diversity along time (Baiser et al. 2012). Both processes can be part of a continuum 

of changes in b-diversity along the human disturbance gradient (Socolar et al. 2016). For example, in low 

impacted landscapes, the arrival of disturbance-adapted species and/or invasive species to some sites and 

the extirpation of some native species from others can cause an increase in b-diversity (Socolar et al. 

2016). Yet, in intermediate to high impacted landscapes, some invasive or disturbance-adapted native 

species can become ubiquitous and many native species can become extinct, promoting a loss of b-

diversity (Tabarelli et al. 2012, Socolar et al. 2016). 

These changes in b-diversity depend on several processes and mechanisms that alter the 

distribution and abundance of species; for example, species’ dispersion ability (Baselga 2012). These 
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mechanisms, in turn, may be caused (e.g., species introduction) or exacerbated (e.g., competitive 

exclusion) by human activities (Solar et al. 2015). Furthermore, other factors such as the spatial 

heterogeneity of the landscape, the degree of connectivity, environmental conditions, and the patterns of 

disturbance, can also influence biotic homogenization and differentiation processes (Tscharntke et al. 

2012, Solar et al. 2015). Understanding which factors and mechanisms can lead to biotic homogenization 

or differentiation is a fundamental, yet understudied topic for biodiversity management and conservation 

in anthropogenic landscapes (Socolar et al. 2016). In fact, the few available studies on this topic are 

centered on tropical trees (Lôbo et al. 2011, Arroyo-Rodríguez et al. 2013b), insects (Solar et al. 2015), 

birds (Morante-Filho et al. 2016), and small mammals (Püttker et al. 2015), and do not assess other 

vulnerable groups of organisms, such as medium- and large-bodied terrestrial mammals.  

Mammals are a very important component of tropical forests, where they play key ecosystem 

functions (Schipper et al. 2008, Dirzo et al. 2014). However, many species are being negatively affected 

by anthropogenic disturbances, such as habitat loss and hunting (Schipper et al. 2008, Ceballos et al. 2015, 

Barlow et al. 2016). Here, we present the first longitudinal assessment of b-diversity of medium and large 

mammal communities in the Lacandona rainforest, a biodiversity hotspot within the Mesoamerican 

Biological Corridor (Medellín 1994). We evaluated the changes in landscape structure in the region 

between 2010 and 2016 (objective i). We then compared inter-site b-diversity of mammals between 2011 

and 2017 to identify whether biotic homogenization or differentiation is occurring in the region (objective 

ii). We partitioned b-diversity into its turnover and nestedness components and described the frequency 

distribution of species occurring in the sampling sites, and its change over time, to give some light on the 

mechanisms responsible for changes in b-diversity (objective iii). Furthermore, we assessed which 

changes in landscape attributes (i.e., forest cover, matrix openness, edge density, number of patches, and 

mean inter-patch distance) were more strongly associated with the observed temporal shifts in spatial b-

diversity (objective iv). Finally (objective v), we assessed whether changes in b-diversity and its 

components are consistent across mammal groups with different ecological traits (body mass, diet and 

habitat specialization).  

Following the model proposed by Socolar et al. (2016), and given the relatively recent history of 

land-use change (i.e., around 50 years) in the Lacandona region (Carabias et al. 2015), we hypothesized 

that the undergoing landscape spatial changes in the region are probably causing the loss of some species 

and the gain of others, potentially promoting an increase in b-diversity between study sites through time 

(biotic differentiation), especially the nestedness component of b-diversity. We also hypothesize that such 
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increase in b-diversity is likely to be more evident in habitat-specialists, carnivores and large-bodied 

species than in habitat generalists, omnivore and mid-bodied species, because the former groups are 

expected to be more sensitive to landscape spatial changes (Dirzo et al. 2014, Bogoni et al. 2016). 

 

Materials and Methods 

Study area  

Fieldwork was conducted in the Lacandona rainforest, Chiapas, Mexico (16o 05’N, 90o 25’W; Fig. 1). It 

has a warm and humid climate, with average monthly temperatures ranging from 26 to 36 ºC, and mean 

annual precipitation ranging from 1500 to 3500 mm (Instituto Nacional de Ecología 2000). This region is 

considered of high conservation priority in Mexico (Arriaga et al. 2000) and harbors the highest mammal 

diversity in the country (Medellín 1994). However, the Lacandona rainforest is suffering a rapid process 

of land-use change, mainly due to expanding agriculture, which is threatening mammal populations in the 

region (primates: Arroyo-Rodríguez et al. 2013a, Arce-Peña et al. 2019a; medium and large-sized 

mammals: Garmendia et al. 2013; small rodents: Arce-Peña et al. 2019b).  

We collected data in two different areas: the Montes Azules Biosphere Reserve, which consists of 

331,200 ha of continuous tropical rainforest (Instituto Nacional de Ecología 2000), and the Marqués de 

Comillas Region, which comprises 203,999 ha of anthropic land, with forest patches immersed in a matrix 

of agricultural lands and human settlements. We chose 22 forest patches in the Marqués de Comillas 

Region (3-92 ha; Fig. 1) and 4 continuous forest sites in the Montes Azules Biosphere Reserve, all located 

at similar altitudes (1-200 m a.s.l.). To ensure independence, forest patches were separated by at least 1.5 

km, and continuous forest sites by at least 2.5 km. 
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Figure 1. Location of the Lacandona region, Mexico (a), and forest sites studied in the Montes Azules Biosphere Reserve 

(large forest area in the upper left) and Marqués de Comillas region (right side), which are separated by the Lacantún 

River (b). We sampled terrestrial mammals in 22 forest patches and 4 continuous forest sites (white points in b), but 6 

patches (in yellow) were excluded from the analysis because they showed a low sample coverage (see Methods). We 

measured landscape variables in different-sized landscapes surrounding each site (200-1,400-m radius, at 200-m 

intervals, from the center of each site) (c). White circles in (b) represent the largest landscape size. 

 

Mammal sampling 

We sampled mammals in 2011 and 2017, between April and October, using strictly the same methods 

described by Garmendia et al. (2013), including the same field assistant. We sampled mammals using 

camera-traps, ground tracks and direct sightings. We used three different sampling methods, as they 

provide complementary information (Silveira et al. 2003), allowing us to more accurately estimate 

mammal diversity within each site. We used one motion-activated camera-trap (Cuddeback Capture or 

Cuddeback Capture-IR Plus; recovery time of 30 s per photograph) in each forest site, placing it in 

locations favorable for mammal detection (i.e., with signs of use by mammals). Every 30 days we changed 

the location of the camera within the same site (0.06 – 1.1 km) and repeated this procedure for five months 
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(i.e., 30 d x 5 mo = 150 camera-trap nights per site, with five sample points in each site). To register 

footprints and/or direct sightings, two people walked at a speed of 1 km h-1, between 6:00 and 16:00 h. 

Footprints were identified following Aranda-Sánchez (2012). We conducted these surveys once a month, 

for 6 months (i.e., 6 surveys per site). Duration of the survey in each site was determined by its area: 3-4 

hr in small-sized patches (< 10 ha), 5-6 hr in medium-sized patches (10 - 50 ha), 7-8 hr in large-sized 

patches (> 50 ha), and 9-10 hr in continuous forest sites. Finally, we classified mammal species according 

to their size (medium = 0.5 to 20 kg, large > 20.0 kg), degree of forest specialization, and their feeding 

guild = carnivore (including insectivores), herbivore (including frugivores) and omnivore (Jones et al. 

2009, IUCN 2019). 

 

Landscape metrics 

We followed a patch-landscape approach (sensu Fahrig 2013), i.e., we measured the landscape metrics 

within a given radius (buffer or landscape) measured from the geographic centroid of each of the sampled 

sites. We included both forest patches and continuous forest sites to get the broadest range possible of 

landscape spatial variables, from well-preserved sites (i.e., continuous forest sites) to highly disturbed 

ones (i.e., high-deforested landscapes). We obtained high-resolution (10 m) satellite images from 2010 

(SPOT-5) and 2016 (Sentinel-2A), whose sensors have comparable radiometric features (Hagolle et al. 

2015). We classified six different land-cover types using Spring 3.3 (Camara et al. 1996): old-growth 

forest, secondary forest, cattle pasture, annual crop, arboreal crop, and human settlement. Following 

Olofsson et al. (2014), we analyzed classification accuracy and obtained a very high accuracy (80%) in 

both years.  

For each site, we measured metrics of landscape composition (i.e., percentage of forest cover and 

matrix openness) and landscape configuration (i.e., number of patches, edge density and mean inter-patch 

distance). Forest cover, the percentage of old-growth forest in the landscape, is a proxy of landscape-scale 

habitat amount, and is positively related to connectedness and resource availability (Fahrig 2003). 

Following previous studies in the region (Arce-Peña et al. 2019a, 2019b), matrix openness was measured 

as the percentage of the matrix area (not the landscape) covered by open areas (cattle pastures, annual 

crops and human settlements), a measure of the proportion of high contrast matrix, which is a concept 

widely used in related literature. An open matrix can increase negative edge effects, limit inter-patch 

movements, limit landscape supplementation dynamics, and increase the susceptibility of species to forest 
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loss (Arroyo-Rodríguez et al. 2020, Boesing et al. 2018). The number of forest patches in the landscape 

is a measure of fragmentation, positively related to landscape connectedness and the number of 

subpopulations in the landscape (McGarigal et al. 2012). Edge density (m/ha), the length of all old-growth 

forest-patch edges divided by the total area of the landscape may have negative impacts in mammals 

through negative edge effects (Dunning et al. 1992, McGarigal et al. 2012). Finally, mean inter-patch 

distance was measured as the average value of the shortest distance between all pairs of patches in the 

landscape (McGarigal et al. 2012); it is inversely related to landscape connectedness, with potential 

negative effects on inter-patch movements (Bennet and Saunders 2010, McGarigal et al. 2012).  

To avoid measuring landscape metrics at suboptimal scales (Jackson and Fahrig 2015), we 

evaluated the effect of each landscape metric on the response variables in seven different-sized landscapes 

containing each forest patch (radii of 200 m to 1,400 m, at 200-m intervals, from the center of each patch). 

As mammals hardly cross the 100-m wide Lacantún river (Arce-Peña et al. 2019a), we only characterized 

each landscape in the side of the river where the focal forest site was located (i.e., we excluded the spatial 

information from the other side of the river in the case of landscapes that encompass both areas; Fig. 1).  

 

Data analysis 

All analyses were carried out using R-version 3.5.1 (R-Core Team 2018). We generated a matrix of 

mammal abundances in each forest site, for 2011 and 2017, adding up the information obtained from the 

camera-traps, track surveys and direct sightings. Following previous camera-trap methodology (e.g., 

Kinnaird et al. 2003), we defined independent events as (i) consecutive photos of different species, (ii) 

consecutive photographs of different individuals of the same species taken more than 30 minutes apart, or 

(iii) non-consecutive photos of individuals of the same species. We considered footprints as independent 

events if they were separated by at least 300 m apart from each other or from the camera, and/or did not 

appear to belong to the same individual (e.g., two different-sized footprints). As unequal levels of effort, 

replication, and sample completeness make comparisons of richness and b-diversity problematic (Beck et 

al. 2013), we applied the same levels of effort and replication during the two sampling years. We analyzed 

sample completeness in each site, separately for 2011 and 2017, using the sample coverage estimator 

proposed by Chao and Shen (2010) using the ‘iNext’ package for R (Hsieh et al. 2019). Sample coverage 

was low (Cn < 0.65) in six forest patches, so we removed these sites from the analyses to avoid statistical 
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type II error. Thus, the analyses that are described below are based on 20 forest sites (16 patches and 4 

continuous forest sites). 

 

Objective i: Landscape spatial changes   

We used Generalized Linear Mixed Models to evaluate the differences between years (2016 value – 2010 

value) for each landscape metric (forest cover, matrix openness, number of patches, edge density and 

mean inter-patch distance) at the largest scale (1,400-m radius landscape) in the 16 forest patches. Forest 

cover and matrix openness were analyzed with a binomial distribution and a logit-link-function. All other 

variables were analyzed with a normal error distribution and identity-link function. We assessed model fit 

with Shapiro-Wilk tests on model residuals. For all models, we used year as a fixed factor, and site ID as 

a random factor. We used likelihood ratio tests, in which we compared the complete models (i.e., with 

both fixed and random factors) with the null models (i.e., including only the random factor) to see if the 

former ones were a better fit for dependent variables (Pinheiro and Bates 2000). 

 

Objectives ii and iii: Beta-diversity changes over time  

We calculated changes in b-diversity from 2017 to 2011 and decomposed it into its turnover and 

nestedness components using R-package ‘betapart’ (Baselga et al. 2018). For this, we built a presence-

absence matrix, and calculated total b-diversity using the multi-site Jaccard dissimilarity index bJAC. Then, 

we partitioned the bJAC into its components bJTU (species turnover) and bJNE (nestedness) for both time 

periods. We used Jaccard dissimilarity index (1-Jaccard similarity) because it is a linear transformation of 

the true beta diversity of order zero (0b) for two-equally-weighted samples, and ranges from 0 to 1, thus 

facilitating subsequent comparisons between regions with different numbers of communities (Jost 2007). 

Also, it is the most commonly reported measure of change in similarity and dissimilarity, thus allowing 

comparisons with other studies (Olden et al. 2011). The change in b-diversity (D b-diversity) was 

measured as the difference between 2017 values and the 2011 values. We calculated P-values, by assessing 

the proportion of samples for which the expected results (compared to the observed one) was obtained by 

chance. For future comparison purposes, we also calculated the multi-site Sorensen dissimilarity indices 

bSOR and its components bSIM (turnover) and bSNE (nestedness). Sorensen dissimilarity indices showed the 

same tendencies as the Jaccard dissimilarity indices (Appendix 1: Table S1). To interpret the observed 
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patterns of b-diversity, we also analyzed the frequency of species that occurred in 0 to 16 forest patches 

for each year (Arroyo-Rodríguez et al. 2009).  

 

Objective iv: Landscape predictors of beta-diversity 

We analyzed the association between changes in landscape variables and changes in b-diversity using the 

‘betapart’ R-package (Baselga et al. 2018). First, we built a matrix of b-diversity between pairs of sites 

for each year (i.e., one matrix for 2011 = b2011 and one for 2017 = b2017), using the incidence-based 

pairwise Jaccard dissimilarity index. We built one matrix for bJAC, bJTU and bJNE for both time periods. 

Then, we built a matrix of changes (deltas D) in b-diversity through time (i.e., D = b2017– b2011). Using the 

same procedure, we built a matrix of pairwise differences in each landscape attribute between sites for 

each year, and matrices of deltas of landscape spatial differences between sites (i.e., D = 2016 value – 

2010 value; D forest cover, D matrix openness, D number of patches, D edge density, and D mean inter-

patch distance). We tested collinearity between predictors using Mantel tests and found no significant 

correlations between predictors. Then, using Mantel tests, we assessed the relationships between the D b-

diversity matrices and the D landscape metrics matrices (Arroyo-Rodríguez et al. 2013b, Rosenblad and 

Sax 2016). Following Jackson and Fahrig (2015), we determined the scale of effect of each landscape 

metric change on spatial b-diversity change. To do so, we quantified the association between the change 

in each landscape metric and the change in b-diversity, at each spatial scale. We selected the spatial scale 

at which the strongest relationship occurred (highest Mantel r statistic; Appendix 1: Table S2).  

 

Objective v: b-diversity of mammal ecological groups 

We evaluated changes in b-diversity within ecological groups through time considering different 

ecological traits of the species (body mass, diet, and habitat specialization; Appendix 1: Table S3), 

obtaining multi-site Jaccard and Sorensen dissimilarity indices and their components. We assessed the 

significance of differences between 2011 and 2017 with the same procedure described in Objective ii. 
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Results 

Objective i: Landscape spatial changes 

The percentage of forest cover and matrix openness increased from 2010 to 2016, whereas mean inter-

patch distance decreased (Table 1; Appendix 1: Table S4). The number of patches and edge density tended 

to decrease through time (Table 1; Appendix 1: Table S4). The likelihood ratio tests indicated that 

complete models were a better fit for the dependent variables than the null model (P < 0.05, in all cases). 

 

Table 1. Landscape spatial changes (mean ± SD) from 2010 to 2016 in the Lacandona rainforest. Spatial 

metrics were assessed in 1,400-m radius landscapes (N = 16). Differences between years were evaluated 

with generalized linear mixed models and a likelihood ratio test. 

 

Landscape metrics 2010 2016 P 
  Forest cover (%) 42.8 ± 13.8 46.7 ± 13.7 <0.001 
  Matrix openness (%) 73.4 ± 8.2 80.2 ± 14.8 <0.001 
  Number of patches 21.1 ± 11.2 18.4 ± 10.1 0.059 
  Edge density (m/ha) 94.0 ± 21.8 84.8 ± 27.9 0.062 
  Mean inter-patch distance (m) 1022.6 ± 153.9 934.7 ± 197.0 0.041 

 

Objectives ii and iii: Beta-diversity changes over time  

We recorded the same 21 mammal species in both years (Appendix 1: Table S3); eight species (38%) 

classified as endangered and 2 (10%) as threatened by the Mexican government. b-diversity significantly 

decreased from 2011 to 2017. Regarding changes in b-diversity (D b-diversity), the multiple-site Jaccard 

dissimilarity (bJAC) across the total 20 forest sites was 0.92 for 2011 and 0.86 for 2017, resulting in a 

decrease in b-diversity of 6.5%. The turnover component of b-diversity (bJTU) also decreased (13.6%) and 

accounted for most of the total dissimilarity, but the dissimilarity due to nestedness (bJNE) increased by 

200% (Table 2). Sorensen indices presented the same tendency as Jaccard indices (Appendix 1: Table S1).   
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Table 2. Results of Baselga’s multi-site dissimilarity indices based on Jaccard’s index. We show the 

values for 2011 and 2017, and the D b-diversity (2017 values - 2011 values). Negative D values indicate 

a decrease in b-diversity through time. Significant differences are indicated with asterisks (* P < 0.05, ** 

P < 0.005). 

Index 2011 2017 D 

Beta-JAC (total) 0.92 0.86 -0.06** 

Beta-JTU (turnover) 0.88 0.76 -0.12** 

Beta-JNE (nestedness) 0.04 0.12 0.08* 

 

Only one species (Tayassu pecari) was restricted to continuous forest sites in both years, and the 

rest (20 species) occurred in both continuous forest sites and forest patches. Most species in 2011 were 

recorded in 1-4 patches, whereas in 2017 the species were more widely distributed across forest patches 

(Fig. 2; Appendix 1: Table S3).   

 

Objective iv: Beta and landscape variables 

The temporal changes in total b-diversity (DJAC) were not significantly associated with changes in any 

landscape metric. Yet, species turnover (ΔJTU) increased in those forest sites where both forest cover and 

matrix openness increased through time. The nestedness component of β-diversity (ΔJNE) was also 

significantly related to landscape changes, increasing in forest sites with increasing number of patches, 

edge density and inter-patch distance (Table 3). 
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Figure 2. Relative frequency distribution of medium and large terrestrial mammal species across forest patches (n = 16) 

in the Lacandona rainforest, Mexico. We sampled mammals in the same sites in 2011 and 2017, registering the same 21 

species in both years. 

 

Table 3. Correlation coefficients (Mantel tests) between Baselga’s pair-wise dissimilarity indices and 

changes in landscape spatial attributes through time. Positive coefficients indicate that increases in a given 

landscape variable promote an increase in dissimilarity through time (* P < 0.1, ** P < 0.05). Numbers 

within parentheses show the scale of effect, i.e., the landscape radius (m) that yields the strongest 

correlation coefficients. 
 

Index ∆Forest cover  
∆Matrix 

openness  

∆Number of 

patches 

∆Inter-patch 

distance 

∆Edge  

density 

DJAC 0.21 0.14 -0.20 -0.28 -0.20 

 
(600) (200) (1200) (1200) (200) 

DJTU 0.22* 0.25** -0.27 -0.31 -0.28 

 
(200) (200) (200) (1000) (200) 

DJNE -0.17 -0.21 0.25** 0.22** 0.20** 

 
(200) (200) (200) (800) (200) 
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Objective v: b-diversity and mammal ecological groups  

Total b-diversity and the turnover component decreased through time in all ecological groups (Table 4; 

Appendix 1: Table S5). However, the nestedness component increased through time, but only in large-

bodied, non-specialist, herbivore and omnivore species (Table 4; Appendix 1: Table S5).  

 

Table 4. Differences (D) in b-diversity (i.e., based on Jaccard indices) between 2011 and 2017 in 20 forest 

sites from the Lacandona rainforest, separately assessing mammal species within different ecological 

groups. Negative D values indicate a decrease in b-diversity through time. We classified mammal species 

into ecological groups according to the following traits (Appendix 1: Table S3): body mass (medium = 

0.5 to 20 kg, large > 20 kg), diet (carnivore, omnivore, herbivore), and whether they are forest specialists 

or not. Significant differences between years are indicated with asterisks (* P < 0.05, ** P < 0.005). 

 

Ecological trait 
Db-JAC 

(total) 

D b-JTU 

(turnover) 

Db-JNE 

(nestedness) 
  

Body mass     

     Medium (n = 14) -0.073* -0.081* 0.008 
 

     Large (n = 7) -0.043* -0.265* 0.221* 
 

Diet     

     Carnivores (n = 9) -0.060* -0.140* 0.085 
 

     Herbivores (n = 5) -0.067* -0.351* 0.284* 
 

     Omnivores (n = 7) -0.099* -0.258* 0.159* 
 

Habitat specialization      

     Forest specialists (n = 4) -0.057* -0.073 0.016 
 

     Non-specialists (n = 17) -0.054* -0.506* 0.448*   

 

Discussion 

The present assessment of the temporal changes in landscape structure and spatial β-diversity of terrestrial 

mammal assemblages indicates that the Lacandona rainforest is highly dynamic. In a relatively short time 

period, we found significant differences in landscape structure between 2010 and 2016, and a notable 
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increase in between-site similarity in species composition (i.e., loss of b-diversity), thus suggesting that 

there is an ongoing biotic homogenization process in the region. Such a loss of b-diversity was mostly 

driven by a decrease in species turnover in all mammal groups, especially in landscapes with decreasing 

forest cover and increasing treed matrices over time. Although species turnover was 6 to 22 times higher 

than nestedness, the nestedness component of b-diversity showed a 3-fold increase from 2011 to 2017, 

especially in large-bodied, non-specialist, herbivore and omnivore species. The increase in nestedness was 

significantly higher in forest sites with an increasing number of patches, forest edge density and mean 

inter-patch distance over time. These findings have critical ecological implications of high applied value 

for the long-term conservation of terrestrial mammals in human-modified tropical landscapes.  

Landscape structure is rapidly changing in the Mexican portion of the Lacandona rainforest. We 

found a significant increase in matrix openness caused by the conversion of treed matrices such as arboreal 

crops to open areas (e.g., annual crops, pastures and human settlements). Although this landscape spatial 

change could limit inter-patch animal movements (reviewed by Arroyo-Rodríguez et al. 2020), this 

potential loss of landscape connectivity was likely offset by the significant increase in forest cover and 

decrease of inter-patch isolation distances. In fact, some forest patches merged through secondary forests, 

leading to the observed decrease in the number of patches and forest edge density through time. As argued 

below, these landscape changes can enhance the spillover of organisms, helping to explain the observed 

loss of mammal β-diversity. 

Contrary to our hypothesis, the region seems to be experiencing an ongoing biotic homogenization 

process. This is consistent with previous studies of different taxa (Baiser et al. 2012, Karp et al. 2012, 

Solar et al. 2015, Rosenblad and Sax 2016), including tropical mammals in other human-modified 

landscapes (Spear and Chown 2008, Beca et al. 2017, Longman et al. 2018, Alves et al. 2020). Such a loss 

of b-diversity was mainly related to the loss of species turnover in all studied mammal groups, which also 

support previous studies (Solar et al. 2015, Beca et al. 2017, Longman et al. 2018, Regolin et al. 2020). 

This suggests that the loss of β-diversity is likely being caused by an increased movement of individuals 

from native species among forest sites, and not by the extinction of natives or the colonization of invasive 

species, as found in other studies (e.g., Spear and Chown 2008, Beca et al. 2017, Longman et al. 2018, 

Alves et al. 2020). In fact, the proportion of species with restricted distribution (e.g., limited to 1-4 sites) 

fell by half in 2017 compared to 2011, and most species in 2017 were widely distributed across forest 

patches. Also, we recorded no extinctions, and we did not register any exotic species within the forest 

sites. Therefore, the observed loss of b-diversity is not as worrying as described in other studies 
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(McKinney and Lockwood 1999, Olden et al. 2004, Tabarelli et al. 2012), as it seems to be related to the 

spillover of organisms across forest sites, and not to the taxonomic or functional impoverishment of 

remaining assemblages. 

The spillover hypothesis is particularly plausible in light of the observed relationships between 

species turnover and landscape structure. Species turnover tended to decrease with decreasing forest cover 

and increasing treed matrices. The negative effect of landscape forest loss on tropical biodiversity 

(including terrestrial mammals) is well documented (Benchimol and Peres 2013, Banks-Leite et al. 2014, 

Arce-Peña et al. 2019b, Watling et al. 2020), possibly because of its negative effect on resource availability 

(Fahrig 2003, 2013). Thus, forest loss may ‘force’ organisms to move more among forest sites to find 

complementary and/or supplementary resources. Such movements can be facilitated or even enhanced in 

landscapes with increasing treed land covers in the matrix, as these land covers are known to increase the 

quality and permeability of the matrix (reviewed by Arroyo-Rodríguez et al. 2020).  

The prevalence of species turnover over nestedness has important ecological and applied 

implications. Species turnover was 22 and 6 times higher than nestedness in 2011 and 2017, respectively. 

This supports a recent meta-analysis on the prevalence of species turnover over nestedness across wide 

ranges of ecosystems (Soininen et al. 2018). As the turnover component of b-diversity reflects changes in 

species identities between sites (Baselga 2012), the observed pattern indicates that different forest patches 

present a fairly distinct subset of species (i.e., high complementarity in species composition; Beca et al. 

2017). This is not surprising, as plant species composition in tropical forests is known to be highly variable 

across space, largely due to the patchy distribution of most species (e.g., Condit et al. 2002, Arroyo-

Rodríguez et al. 2013b), which can in turn promote an increase in the species turnover of herbivore and 

predator assemblages. Therefore, consistent with recent proposals for designing biodiversity-friendly 

landscapes (Arroyo-Rodríguez et al. 2020), this finding suggests that conserving all the remaining forest 

sites is of utmost importance to effectively conserve mammal assemblages. 

Despite the prevalence of turnover over nestedness, we found a 3-fold increase in nestedness, 

especially in forest sites found in landscapes where the number of patches, forest edge density and mean 

inter-patch distance increased through time. Nestedness occurs when the biotas of sites with smaller 

species richness are subsets of the biotas at richer sites (Baselga 2010), and usually increases along the 

disturbance gradient because of the deterministic loss of some native species (Baselga 2010, Baiser et al. 

2012). In this sense, as the observed increase in all landscape configuration variables is caused by forest 

loss, our findings suggest that the fragmentation process (dependent of forest cover), not fragmentation 
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per se (sensu Fahrig 2003) can be causing the extirpation of some species. In particular, the significant 

temporal increase in nestedness of large-bodied, non-specialist, herbivore and omnivore species suggests 

that such a native extinction (sensu Baselga 2010) might be more important in species from these groups 

– a topic that merits further investigation.  

 

Conclusion 

Taken together, our findings have important applied implications that can be used to preserve terrestrial 

mammal assemblages in this and other rainforest regions. First, the observed loss of β-diversity is likely 

being caused by an increased movement of individuals among forest sites, and not by the extinction of 

natives or invasion of exotic species. Thus, there is still a great opportunity for implementing time- and 

cost-effective measures that allow the conservation of all native species and prevent potential negative 

effects from the arrival of exotic species. Second, to prevent species loss, it is of utmost importance to 

maintain and increase the forest cover in the landscape and convert the existing treeless areas in the matrix 

to land covers more similar to the original forest. High forest covers and treed land covers increase the 

quality and permeability of the landscape, facilitating and enhancing species movements through the 

matrix and the remaining forest sites (Arroyo-Rodríguez et al. 2020). Increasing landscape connectivity 

is also highly valuable, for example, by allowing forest patches to increase in number and/or size through 

active or passive restoration (reverse fragmentation; sensu del Castillo 2015), protecting/restoring riparian 

corridors and promoting semi-natural treed elements (e.g., living fences, hedgerows and single standing 

trees) in the matrix  (Arroyo-Rodríguez et al. 2020). These measures will ensure landscape connectedness 

and resource availability for forest-dependent mammals, promoting dispersal, gene-flow and the 

maintenance of a high β-diversity in the region. Although these measures will probably enhance inter-

patch movements and thus decrease beta diversity at the regional scale, there is strong evidence on their 

positive effect on local (alpha) diversity (e.g., Reider et al. 2018, Watling et al. 2020). Finally, it is 

important to note that b-diversity was mostly driven by species turnover. Therefore, the maintenance of 

all the remaining forest sites is of great importance to effectively conserve mammal assemblages.  
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Supplementary material 

Table S1. Baselga’s multi-site indices based on Sorensen’s index. We show the obtained values for 2011 

and 2017, and the D-b-diversity (2017 values - 2011 values). For the deltas, negative values indicate a 

decrease in dissimilarity through time. Significant differences between years are indicated with asterisks 

(* P < 0.05, ** P < 0.005). 

  

Index 2011 2017 D 

Beta-SOR (total) 0.85 0.75 -0.1** 

Beta-SIM (turnover) 0.78 0.61 -0.17** 

Beta-SNE (nestedness) 0.07 0.14 0.07* 
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Table S2.  Association between Baselga’s multi-site dissimilarity indices and changes in landscape spatial 

attributes through time (2016 values – 2010 values). We assessed the scale of effect, measuring changes 

in landscape structure considering 7 different-sized radii (200 m – 1400 m) to identify the landscape size 

that yields the strongest predictor-response association. We conducted Mantel tests and obtained the 

Mantel statistic r. Values in bold indicate the selected scale of effect (highest r-value) for each predictor-

response association. Significant differences between years are indicated with asterisks (* P < 0.05, ** P 

< 0.005). 
 

  

∆Forest 
Cover  

∆Matrix 
Openness 

∆Number of 
patches 

∆Edge 
Density  

∆Inter-
Patch 

Distance 

DJAC      
1400 0.121 0.086 -0.129 -0.133 -0.125 

1200 0.126 0.065 -0.201 -0.051 -0.279 

1000 0.119 0.057 -0.051 0.014 -0.247 

800 0.144 0.045 -0.056 0.025 -0.044 

600 0.208 0.105 -0.095 -0.046 0.077 

400 0.177 0.006 -0.151 -0.193 -0.192 

200 0.145 0.144 -0.128 -0.197 -0.202 

 
DJTU      
1400 0.034 0.184 0.03 -0.11 -0.181 

1200 0.024 0.143 -0.174 0.047 -0.239 

1000 0.006 0.151 -0.045 0.104 -0.309 

800 0.005 0.119 -0.109 0.031 -0.19 

600 0.047 0.085 -0.0003 -0.02 0.016 

400 0.059 0.127 -0.01 -0.101 -0.095 

200 0.223 0.253* -0.267 -0.278 -0.295 

 
DJNE      
1400 0.07 -0.172 -0.017 0.023 0.131 

1200 0.088 -0.136 0.047 -0.115 0.061 

1000 0.108 -0.154 0.012 -0.131 0.189 

800 0.132 -0.122 0.097 -0.019 0.222* 

600 0.138 -0.016 -0.091 -0.017 0.052 

400 0.09 -0.17 -0.013 -0.047 -0.055 

200 -0.17 -0.212 0.249* 0.195* 0.214* 
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Table S3. Mammal species registered in 2011 and 2017 in the Lacandona rainforest, Mexico. We show 

their conservation status according to the IUCN (2019) and to the Mexican government (SEMARNAT, 

2010). DD = Data Deficient, LC = Least Concern, NT = Near Threatened, VU = Vulnerable, EN = 

Endangered, SP = Special Protection, TH = Threatened. We present the number of forest fragments (FF) 

and continuous forest sites (CF) occupied by each species in 2011 and in 2017. We classify mammal 

species according to their body mass (medium: 0.5 to 20 kg, large: > 20.0 kg), whether they are forest 

specialists, and their feeding guild = carnivore (insectivore/carnivore), herbivore (frugivore/herbivore) 

and omnivore. Data was obtained from the IUCN Red List.  

 

Species 
Status 

IUCN 

Status 

Mexico 

No. sites 

2011 

No. sites 

2017 

Body 

mass 

Forest 

specialist 
Diet 

      FF CF FF CF       

Cabassous centralis1 DD EN 3 0 3 0 Medium  No  Carnivore 

Conepatus semistriatus2 LC SP 1 0 13 4 Medium  No  Carnivore 

Cuniculus paca3 LC - 14 2 15 4 Medium  Yes Herbivore 

Dasyprocta punctata4 LC - 2 0 12 3 Medium  No  Herbivore 

Dasypus novemcinctus5 LC - 15 3 16 4 Medium  No  Omnivore 

Eira barbara6 LC EN 4 0 9 1 Medium  No  Omnivore 

Herpailurus yagouaroundi7 LC TH 1 0 5 0 Medium  No  Carnivore 

Leopardus pardalis8 LC EN 6 2 11 4 Medium  No  Carnivore 

Leopardus wiedii9 NT EN 4 0 10 3 Medium  Yes Carnivore 

Mazama temama10 DD - 9 3 5 4 Large No  Herbivore 

Nasua narica11 LC TH 5 1 13 4 Medium  No  Omnivore 

Odocoileus virginianus12 LC - 9 1 14 4 Large No  Herbivore 

Panthera onca13 NT EN 1 2 4 3 Large No  Carnivore 

Pecari tajacu 14 LC - 11 3 16 4 Large No  Omnivore 

Philander oposum15 LC - 1 0 2 0 Medium  No  Omnivore 

Procyon lotor16 LC - 7 0 11 3 Medium  No  Omnivore 

Puma concolor17 LC - 2 1 3 4 Large No  Carnivore 

Tamandua mexicana18 LC EN 1 0 10 2 Medium  No  Carnivore 

Tapirus bairdii19 EN EN 2 4 3 4 Large Yes Herbivore 

Tayasu pecari20 VU EN 0 2 0 3 Large Yes Omnivore 

Urocyon cinereoargenteus21 LC - 1 0 1 0 Medium  No  Carnivore 
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1 Tirira et al., 2014; 2Cuarón et al., 2016a;  3Emmons, 2016a; 4Emmons, 2016b; 5 Loughry et al., 2014;  6 Cuarón et 

al., 2016c;  7Caso et al., 2015;  8 Paviolo et al., 2015; 9 de Oliveira et al., 2015;  10 Bello et al., 2016;  11 Cuarón et al., 

2016b;  12 Gallina and Lopez-Arevalo, 2016;  13Quidley et al., 2017;  14Gongora et al., 2011;  15De la Sancha et al., 

2016;  16Timm et al., 2016;  17Nielsen et al., 2015;  18Ortega-Reyes et al., 2014;  19García et al., 2016;  20Keuroghlian 

et al., 2013;  21Roemer et al., 2016. 
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Table S4.  Percentage of change in the structure of landscapes through time (2016-2010), at the largest 

buffer (1400-m radius from the center of each patch), containing 16 forest patches in the Lacandona 

rainforest, Mexico. Negative values indicate a decrease in a given landscape metric, whereas positive 

values indicate the opposite.  

 

Forest patch Forest cover 
Matrix 

openness 

Number of 

patches 
Edge density 

Inter-patch 

distance 

FP4 3.75 19.37 -6.67 -17.47 41.96 

FP7 28.31 16.41 14.29 -22.50 -7.52 

FP8 47.61 -10.12 -2.33 33.14 -1.80 

FP10 5.52 16.82 -40.00 -19.92 -14.57 

FP11 -27.58 13.65 -22.58 -32.54 -6.80 

FP13 24.45 11.95 -11.11 13.64 -45.78 

FP14 -15.11 6.76 -41.67 -21.28 -36.56 

FP16 40.34 21.07 -19.35 -8.04 -16.89 

FP17 -8.47 4.81 22.22 11.52 -17.04 

FP18 -6.20 48.04 -41.67 -8.53 -11.84 

FP19 0.01 -0.09 -16.67 0.00 0.00 

FP20 11.50 21.50 -29.73 1.14 4.95 

FP22 14.84 25.50 0.00 -26.66 -4.12 

FP23 14.64 10.63 0.00 -19.09 2.50 

FP27 37.46 -32.30 -13.64 -14.57 3.98 

FP28 0.97 -21.81 100.00 -33.78 -19.38 
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Table S5. Differences in b-diversity (Db-diversity) between 2011 and 2017 for mammal ecological 

groups, according to Baselga’s multisite indices, based on Sorensen indices. Negative values indicate a 

decrease in dissimilarity (or an increase in similarity) through time. We grouped mammal species 

according to the following ecological traits (Table A3): body mass = medium (0.5 to 20 kg), large (>20.0 

kg); feeding guild = carnivores (carnivores and insectivores), omnivores, and herbivores (herbivores and 

frugivores); and whether they are forest specialists or not. In parenthesis, we show the number of species 

included under each category. Significant coefficients are indicated with asterisks (* P < 0.05, ** P < 

0.005). 

 

Ecological trait   
Db-SOR 

(total) 

 Db-SIM 

(turnover) 

Db-SNE 

(nestedness) 

Body mass     

     Medium (n=14) 
 

-0.118* -0.109* -0.008 

     Large (n=7) 
 

-0.072* -0.319* 0.247* 

Diet     

     Carnivores (n=9) 
 

-0.106* -0.224* 0.118* 

     Herbivores (n=5) 
 

-0.106* -0.385* 0.279* 

     Omnivores (n=7) 
 

-0.150* -0.307* 0.157* 

Specialization      

     Forest specialists (n=4) 
 

-0.093* -0.100 0.008 

     Non-specialists (n=17)   -0.089* -0.550* 0.460* 
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Discusión 

Esta tesis busca entender cómo responde la comunidad de mamíferos terrestres a los cambios que ocurren 

en la estructura espacial del paisaje a través del tiempo. Primero, evalúa si la región de estudio está 

sufriendo un proceso de rodentización debido a la proliferación de roedores pequeños en el interior de los 

fragmentos de bosque. Después, identifica los cambios temporales en la población de monos aulladores 

negros (Alouatta pigra) y las variables del paisaje que los predicen. Finalmente, evalúa si la región está 

sufriendo un proceso de defaunación y explora los cambios en diversidad beta y sus causales para 

identificar si la región está experimentando un proceso de homogenización o de diferenciación biótica. A 

continuación se discuten los hallazgos más importantes de la presente tesis. 

 

Cambios temporales en la estructura espacial de la selva  

El paisaje de la Selva Lacandona está cambiando rápidamente – La Selva Lacandona ha sufrido cambios 

espaciales importantes a través del tiempo. Esta selva solía cubrir alrededor de 1.4 millones de hectáreas 

(Dirzo y Miranda 1991). Sin embargo, ha sido fuertemente deforestada y degradada debido a la expansión 

de actividades humanas como la agricultura y la ganadería (Carabias et al. 2015). Actualmente, queda 

menos del 50% de su cobertura original. En esta tesis encontramos que la región es altamente dinámica, 

con cambios notables a través del tiempo en la estructura de los paisajes donde se encuentran los 

remanentes de bosque. Sin embargo, aún existe un alto grado de conectividad en el paisaje que podría 

favorecer la conservación de la biodiversidad. Contrario a lo que esperábamos, en la región de estudio se 

observó un aumento en el porcentaje de cobertura forestal y una disminución en el número de parches de 

bosque, lo que podría ser explicado por la fusión de algunos parches de bosque. La densidad de borde y 

la distancia media entre parches también disminuyeron a través del tiempo. Por otro lado, como 

esperábamos, la calidad de la matriz antrópica disminuyó, es decir, la matriz se hizo más abierta (Fig. 1).  
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Figura 1. Fotografía aérea de la zona de estudio. En la parte superior se observa la Reserva de la Biósfera Montes Azules, 

en la parte inferior se observa la región del Marqués de Comillas, altamente deforestada debido al establecimiento de 

sembradíos (principalmente maíz). Foto: Norma Arce. 

 

Cambios en las comunidades y poblaciones de mamíferos a través del tiempo 

No encontramos un proceso de rodentización generalizado – Las alteraciones en el paisaje han tenido 

un gran efecto sobre los patrones de diversidad de los mamíferos terrestres de la región, los cuales 

mostraron cambios importantes en sus abundancias a través del tiempo. Los hallazgos indican que, como 

se esperaba, la abundancia de roedores aumentó. Aunque este resultado podría sugerir que existe un 

proceso de rodentización, descubrimos que las abundancias observadas en el presente estudio, en general, 

fueron bajas. Además, las respuestas fueron especie-específicas, es decir, cada especie respondió de 

manera diferente a los cambios en el paisaje. La abundancia de dos especies aumentó (Heteromys 

desmarestianus y Oryzomys sp.), la abundancia de Peromyscus mexicanus, especie especialista de bosque, 

disminuyó, mientras que Sigmodon toltecus, especie generalista, se mantuvo sin cambios (Fig. 2). Estos 

resultados sugieren que no se puede hablar de un proceso generalizado de rodentización en la región, sino 

que la deforestación podría estar causando el declive en la población de P. mexicanus y la proliferación 

de especies generalistas como Sigmodon toltecus y Oryzomys sp.  
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Figura 2. Rata algodonera (Sigmodon toltecus) capturada en los muestreos en un sitio de bosque continuo en la Selva 

Lacandona, Chiapas. Foto: Norma Arce.  

 

Los monos aulladores negros podrían estar en declive – Debido a la dependencia forestal de los monos 

aulladores negros (Alouatta pigra; Fig. 3), se esperaba que estos mamíferos arbóreos fueran afectados 

negativamente por cambios en el paisaje, como la pérdida de bosque y el aumento de áreas abiertas en la 

matriz antrópica. Sorprendentemente, el número total de individuos aumentó con el tiempo (fue mayor en 

2017 que en 2011), pero encontramos una diminución importante en el número de individuos inmaduros 

por hembra. Además, el número total de individuos y la relación inmaduros/hembras estuvieron 

fuertemente relacionados con los cambios en el paisaje. Por lo tanto, esta especie de primate podría no ser 

tan tolerante a los disturbios en el paisaje como generalmente se piensa (e.g. Silver et al. 1998; Rangel-

Negrín et al. 2014). Nuestros hallazgos sugieren que sus poblaciones podrían presentar una deuda de 

extinción, por lo que se esperarían fuertes disminuciones en el futuro. 
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Figura 3. Mono aullador negro (Alouatta pigra) registrado durante los muestreos en un sitio de bosque continuo, en la 

Selva Lacandona, Chiapas. Foto: Norma Arce. 

 

La región aun no muestra evidencias de un proceso generalizado de defaunación – Debido a que la 

región ha sufrido importantes alteraciones en el paisaje, se esperaba encontrar un proceso generalizado de 

defaunación. Sin embargo, se encontraron las mismas especies de mamíferos en 2011 y 2017. Al analizar 

sus abundancias, algunas especies parecen estar aumentando (e.g. Pecari tajacu y Dasypus novemcinctus), 

mientras que otras han disminuido en abundancia (e.g. Panthera onca y Tayassu pecari; Fig. 4). Estos 

resultados demuestran que no existe un proceso generalizado de defaunación en la región, sino que las 

poblaciones de diferentes especies están cambiando en función de sus requerimientos ecológicos. La falta 

de evidencia de un proceso de defaunación generalizado son buenas noticias para la Selva Lacandona, ya 

que es el relicto más extenso de bosque tropical húmedo en el país (Dirzo y Miranda 1991). Sin embargo, 

hay que tener en cuenta que la respuesta a los disturbios no siempre se observan de manera inmediata 

(Metzger et al. 2009, Hanski 2013). Por tanto, continuar con el monitoreo a largo plazo de estos animales 

es fundamental para detectar a tiempo los cambios en las poblaciones de las especies más vulnerables y 

así desarrollar estrategias para su conservación.  
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Figura 4. Tapir (Tapirus bairdii; a) y jaguar (Panthera onca; b) en un parche de bosque muestreado en la Selva 

Lacandona, Chiapas. Foto cámaras trampa: Norma Arce.  

 

La región podría estar sufriendo un proceso de homogenización biótica – El análisis de la diversidad 

beta de la comunidad de mamíferos terrestres reveló que ésta disminuyó a través del tiempo. Este resultado 

sugiere que la región está experimentando un proceso de homogenización biótica (Baeten et al. 2012), y 

no de diferenciación, como esperábamos con base en el modelo propuesto por Socolar et al. (2015). 

Nuestros hallazgos son similares a los de otros estudios (insectos: Solar et al. 2015; aves: Karp et al. 2012; 

mamíferos: Spear y Chown 2008, Beca et al. 2017, Longman et al. 2018), lo que demuestra que el proceso 

de homogenización biótica puede afectar diferentes grupos taxonómicos en varias regiones del planeta.  

Los cambios en diversidad beta se asociaron mayormente a variaciones en el recambio de especies. 

El componente de anidamiento fue muy bajo, sin embargo, aumentó al triple a través del tiempo. Al 

evaluar la composición de especies entre años se encontró una distribución menos restringida de las 

especies en el 2017 que en el 2011 y no se observaron invasiones ni extinciones entre años. Esto sugiere 

que el proceso de homogenización podría deberse a un aumento de la capacidad de las especies para 

dispersarse entre los sitios y no a la invasión y/o extinción de especies, como se ha reportado en otros 

estudios (Baeten et al. 2012). Futuras modificaciones en el paisaje podrían resultar en la pérdida de algunas 

especies de mamíferos más sensibles a la perturbación de su hábitat; esto podría promover un proceso de 

defaunación y un descenso en la diversidad beta en la región, exacerbando el proceso de homogenización 

biótica en este importante hotspot de biodiversidad. 
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Importancia de la estructura del paisaje para los mamíferos  

La pérdida de cobertura forestal es de las mayores amenazas para los mamíferos tropicales –  Los 

patrones de diversidad de mamíferos estuvieron fuertemente asociados con cambios en diferentes atributos 

del paisaje. Como se esperaba, los cambios en el porcentaje de cobertura forestal estuvieron fuertemente 

asociados con los cambios en la abundancia de la mayoría de las especies. Los sitios que sufrieron mayores 

pérdidas de cobertura forestal mostraron una disminución en la abundancia de especies como el roedor 

Peromyscus mexicanus y el primate Alouatta pigra, ambas especies dependientes de bosque. Por otro 

lado, se encontró que el componente de recambio de la diversidad beta de las comunidades de mamíferos 

disminuyó en sitios de bosque en los que disminuyó la cobertura forestal. En conjunto, estos hallazgos 

son consistentes con otros estudios. Por ejemplo, en su meta-análisis global, Watling et al. (2020) 

encuentran que la diversidad de diferentes grupos taxonómicos es mayor en paisajes con mayor cobertura 

forestal. De igual manera, Wearn et al. (2017) encontraron efectos positivos de la cobertura forestal en el 

paisaje sobre la abundancia de 57 especies de mamíferos en bosques tropicales en Borneo. El incremento 

en la cobertura forestal puede promover la conectividad del paisaje, favoreciendo la dispersión de 

individuos y la disponibilidad de recursos (Fahrig 2013), lo que puede contribuir al mantenimiento de la 

diversidad de especies (Newbold et al. 2016). Por lo tanto, esta tesis se suma a la creciente evidencia que 

confirma que la pérdida de cobertura forestal es una de las mayores amenazas para la biodiversidad, 

especialmente para aquellas especies dependientes de bosque.  

 

El incremento de la calidad de la matriz puede prevenir la pérdida de especies – Los cambios en la 

calidad de la matriz a través del tiempo también promueven cambios en las comunidades de mamíferos. 

Por ejemplo, las poblaciones de los roedores Peromyscus mexicanus y Heteromys desmarestianus 

aumentaron en sitios en los que la cobertura vegetal de la matriz era más abierta. Sin embargo, esto no 

significa que las poblaciones sean beneficiadas por la matriz antrópica, sino que los individuos de estas 

especies dependientes del bosque se ven obligados a desplazarse y buscar refugio en los sitios remanentes 

de bosque cuando habitan paisajes deforestados y dominados por matrices desprovistas de árboles (i.e. 

“crowding effect”; Debinski y Holt 2000). Por tanto, el aumento en la apertura de la matriz que está 

ocurriendo en la región de estudio podría tener efectos negativos importantes sobre las especies 

dependientes de bosque a mediano y largo plazo.  
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La fragmentación per se suele tener efectos positivos sobre las especies – En relación al efecto de la 

fragmentación, la presente tesis demuestra que, como se esperaba, las poblaciones de monos aulladores 

(Alouatta pigra) fueron beneficiadas por un aumento en el número de parches en el paisaje. Estos 

resultados concuerdan con la revisión global realizada por Fahrig (2017), la cual demuestra que, cuando 

son significativos, los efectos de la fragmentación per se son usualmente positivos. Los resultados también 

son consistentes con una revisión reciente realizada con primates (Galán-Acedo et al. 2019). Diferentes 

mecanismos no exclusivos pueden explicar dicha respuesta positiva (revisado por Fahrig 2019). Por 

ejemplo, el incremento en el número de parches en el paisaje se asocia con menores distancias entre 

parches, lo que puede facilitar el movimiento de los individuos y la obtención de recursos en el paisaje 

(Fahrig 2017). Además, cuanto mayor es el número de fragmentos, mayor es el número de poblaciones, 

lo que puede facilitar la persistencia de las metapoblaciones (Hanski 1999). Por tanto, contrario a lo que 

generalmente se piensa (e.g. Fletcher et al. 2018), tener un mayor número de fragmentos en el paisaje 

puede tener muchas ventajas para la biodiversidad.  

 

Los bordes pueden tener efectos diferentes sobre las especies – Los cambios en la densidad de borde 

pueden tener distintos efectos sobre las especies de mamíferos a través del tiempo. De hecho, pueden 

llegar a tener efectos contrastantes en individuos de la misma especie pero de diferente edad. Por ejemplo, 

en esta tesis se encontró que un aumento en la densidad de borde podría tener un efecto positivo en la 

abundancia de hembras de monos aulladores (Alouatta pigra). Esto podría deberse a que los sitios con 

mayor densidad de borde pueden estar mejor conectados a otros parches y facilitar la dispersión de los 

individuos entre los parches restantes (Ewers y Didham 2006). Adicionalmente, paisajes con mayor 

cantidad de borde pueden favorecer la disponibilidad de recursos a través de dinámicas de suplementación 

del paisaje, ya que los bordes incrementan el área de contacto bosque-matriz, facilitando el acceso a 

recursos suplementarios presentes en la matriz  (Dunning et al. 1992). Sin embargo, contrario a lo que se 

esperaba, se observó un efecto negativo sobre el número de monos inmaduros y sobre la abundancia de 

tres especies de roedores (Oryzomys sp., Heteromys desmarestianus y Peromyscus mexicanus). Los 

impactos negativos podrían deberse a que el aumento en la proporción de bordes expone el interior de los 

parches a la influencia de factores externos, aumentando la vulnerabilidad de los individuos ante 

depredadores. Por lo tanto, es importante controlar la densidad de bordes para evitar efectos negativos en 

especies especialistas de bosque.  
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Figura 5. Foto aérea del sitio de estudio. Del lado derecho se observa el bosque continuo, dentro de la Reserva de la 

Biósfera de Montes Azúles, mientras que a la izquierda se ve el paisaje antropogénico, formado por diferentes tipos de 

uso de suelo (cultivos anuales y arbóreos, sitios de pastoreo, carreteras y bosques secundarios). Foto: Norma Arce. 

 

Aportaciones teóricas de la tesis  

1. Losers’ vs. ‘Winers’ (McKinney y Lockwood 1999). La presente tesis aporta información valiosa 

sobre la dinámica de especies perdedoras y ganadoras. En particular, parece que perturbaciones en 

el paisaje tienen efectos diferentes sobre las especies. Algunas especies ‘ganadoras’ pueden verse 

beneficiadas por los cambios en el paisaje, aumentando en abundancia, rango de distribución y/u 

ocupación a través del tiempo (Tabarelli et al. 2012, McGill et al. 2015). En contraste, otras 

especies ‘perdedoras’ pueden disminuir en abundancia, rango de distribución y/ ocupación, o 

incluso llegar a desaparecer, debido a los impactos negativos de los cambios en el paisaje (Tabarelli 

et al. 2012, McGill et al. 2015). De acuerdo con lo anterior, la tesis muestra que algunas especies 

tienden a ser más afectadas por los cambios en el paisaje y podrían llegar a desaparecer si el cambio 

de uso de suelo continúa. Ejemplos de especies ‘perdedoras’ son Peromyscus mexicanus, 

Heteromys desmarestianus, Alouatta Pigra, Tapirus bairdii, Tayassu pecari, Mazama temama y 
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Panthera onca. Por otro lado, especies como Sigmodon toltecus, Oryzomys sp., Pecari tajacu, 

Dasypus novemcinctus y Cuniculus paca, parecen ser buenas candidatas de especies ‘ganadoras’. 

Este recambio de especies ‘ganadoras’ por especies ‘perdedoras’ puede desencadenar diferentes 

procesos ecológicos en paisajes antrópicos como la defaunación, la rodentización, la 

homogenización y la diferenciación biótica. Es importante realizar estudios futuros, a lo largo de 

un periodo más largo de tiempo, que permitan comprobar los patrones observados en esta tesis.   

 

2. Rodentización (Galetti et al. 2015, Mendes 2015). La ausencia de competidores o depredadores 

y/o el aumento en la disponibilidad de recursos en paisajes antrópicos pueden ocasionar un 

aumento en la densidad de roedores (Galetti et al. 2015, Mendes 2015, Young et al. 2016). Sin 

embargo, a pesar de que encontramos un aumento general en la abundancia de roedores a través 

del tiempo – lo que podría evidenciar un proceso de rodentización – las abundancias registradas 

fueron muy bajas. Adicionalmente, cada especie respondió de manera diferente. Estos resultados 

sugieren que no se puede hablar de un proceso generalizado de rodentización para esta región. Sin 

embargo, si las tasas de cambio de uso de suelo se mantienen, se podría predecir el declive de 

especies especialistas y la proliferación de especies generalistas.  

 

3. Defaunación (Dirzo et al. 2014). La defaunación se refiere a la reducción o pérdida de poblaciones 

animales en paisajes degradados (Dirzo et al. 2014). Este proceso ha sido mayormente 

documentado para mamíferos de gran tamaño, con dietas especializadas y/o con grandes ámbitos 

hogareños (Ewers y Didham 2006, Dirzo et al. 2014). Los resultados de esta tesis demuestran que 

no existe un proceso generalizado de defaunación en la región de estudio, si no que cada especie 

tiene respuestas diferentes a los disturbios en el paisaje. Sin embargo, aunque no registramos 

extinciones, es necesario evaluar los cambios en las abundancias de cada especie en un mayor 

lapso de tiempo para poder evaluar con mayor precisión el proceso de defaunación, y determinar 

qué especies podrían estar en vías de extinción.  

 

4. Homogenización y diferenciación biótica (Solar et al. 2015). Los disturbios en el paisaje pueden 

ocasionar el aumento o la disminución en la diversidad beta de las comunidades remanentes, 

causando la diferenciación o la homogenización biótica, respectivamente. Según Socolar et al. 

(2015), en las etapas iniciales de disturbio, la heterogeneidad ambiental en la región puede 
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aumentar, ocasionando un aumento en la diversidad beta (diferenciación biótica). Sin embargo, 

nuestros resultados sugieren un aumento en la homogeneidad ambiental a través del tiempo (e.g. 

aumento de la cobertura forestal y de la apertura de la matriz), que se relacionó con una 

disminución de la diversidad beta, reflejando un posible proceso de homogenización biótica. Otros 

estudios que han encontrado evidencias de un proceso de homogenización biótica atribuyen el 

aumento de diversidad beta a un proceso de invasiones y/o extinciones de especies (Baiser et al. 

2012, Solar et al. 2015, Spear y Chown 2008, Beca et al. 2017, Longman et al. 2018). Sin embargo, 

nuestros resultados sugieren que la diminución de la diversidad beta podría ser ocasionada por un 

aumento en la dispersión de las especies a través del paisaje.  

 

5. Debate fragmentación vs. pérdida de hábitat (Fahrig 2003, 2017). El efecto de la pérdida de 

hábitat es generalmente negativo para diferentes grupos taxonómicos (Fahrig 2003). Por otro lado, 

el efecto de la fragmentación per se es generalmente débil. Fahrig (2017) reporta efectos 

mayormente positivos de la fragmentación per se. De manera consistente con estos hallazgos, 

encontramos que los cambios en las poblaciones de roedores y monos aulladores estuvieron 

fuertemente asociados a los cambios en la cobertura forestal en el paisaje. Por otro lado, el efecto 

de la fragmentación per se fue menor, pero positivo. El mantenimiento y aumento de la cantidad 

de hábitat es de gran importancia para la conservación de los mamíferos tropicales, especialmente 

de las especies dependientes de bosque. 

 

6. Matriz antrópica, ‘crowding effect’ (Debinski y Holt 2000) y dinámicas de ‘suplementación 

y complementación del paisaje’ (Dunning et al. 1992). La naturaleza de la matriz tiene un gran 

impacto sobre la dinámica de poblaciones dentro de los paisajes antrópicos (Tscharntke et al. 

2012). Sin embargo, la respuesta las especies difiere y depende en gran medida de la composición 

de la matriz, es decir, del grado de similitud con el hábitat original de las especies. Algunas 

especies pueden tolerar y hasta beneficiarse de la matriz, que puede ofrecer recursos 

complementarios y/o suplementarios (Dunning et al. 1992, Tscharntke et al. 2012, Galán-Acedo 

et al. 2019). Por ejemplo, los monos aulladores utilizan las matrices arboladas para moverse a 

través del paisaje, refugiarse y obtener alimentos. Las matrices antrópicas más abiertas, con 

coberturas muy diferentes al hábitat original (e.g. pastizales, cultivos anuales, asentamientos 

humanos), pueden afectar negativamente a las especies dependientes de bosque. El incremento en 



 162 

la apertura de la matriz puede ocasionar el ‘hacinamiento’ de los individuos o un incremento en 

las densidades poblacionales de algunas especies en los sitios remanentes (i.e. ‘crowding effect’; 

Debinski y Holt 2000). Por ejemplo, en esta tesis encontramos que las poblaciones de roedores y 

de monos aulladores podrían estar siendo forzadas a refugiarse en los sitios de bosque remanentes, 

ocasionando un aumento temporal en las abundancias y densidades poblacionales.  

 

Líneas futuras  

La presente tesis muestra la importancia que tienen los estudios longitudinales y multiescalares para  

entender el efecto de los cambios en el paisaje sobre las poblaciones y comunidades de mamíferos. Sin 

embargo, dado el continuo cambio de uso de suelo en las regiones tropicales, necesitamos realizar estudios 

a más largo plazo. Esto es particularmente importante en organismos de vida larga, como la mayoría de 

los mamíferos medianos y grandes, ya que este rasgo de vida puede generar retrasos importantes en las 

respuestas a la perturbación, lo que puede limitar nuestra capacidad para detectar procesos de extinción 

de especies.  

Adicionalmente, es de gran importancia continuar con el monitoreo de los cambios en el paisaje 

en la región, y su efecto sobre las especies de mamíferos, por un periodo más largo de tiempo, ya que la 

región está siendo continuamente deforestada. Al finalizar este estudio, al menos dos parches de bosque 

habían sido transformados a cultivos, y otros disminuyeron significativamente de tamaño. Estos estudios 

podrían ayudar a detectar si las tendencias observadas en esta tesis se mantienen o acentúan a lo largo del 

tiempo. Además, podrían compararse con regiones que presenten características diferentes, como regiones 

con un mayor tiempo de perturbación – para probar la hipótesis de la deuda de extinción (Metzger et al. 

2009) – o regiones con una menor cobertura remanente – que permita probar la hipótesis del umbral de 

fragmentación (Pardini et al. 2010). Esto permitirá tener un mejor entendimiento sobre los procesos que 

tienen un mayor efecto sobre los mamíferos de bosques tropicales dentro de paisajes antrópicos y diseñar 

estrategias efectivas de manejo y conservación. 

Una limitación importante de esta tesis es que únicamente se realizaron los muestreos de 

mamíferos dentro de sitios de bosque, lo que no permite evaluar el efecto de otros tipos de coberturas 

antrópicas sobre las especies. Futuros estudios deberían de realizar los muestreos en diferentes coberturas 

del paisaje, como en cultivos anuales, bosques secundarios, cultivos forestales, asentamientos humanos, 

etc., para poder determinar qué tipo de coberturas son más amigables con la biodiversidad. Por otro lado, 
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sería importante evaluar y controlar el efecto de la cacería, ya que es una de las principales causas de la 

pérdida de mamíferos en la región, principalmente afectando a los mamíferos grandes y medianos. Por 

último, en esta tesis no se determinaron las abundancias o densidades de forma precisa, lo que podría estar 

limitando la capacidad de observar fluctuaciones de las poblaciones a través del tiempo y, por lo tanto, 

detectar una posible defaunación en la región. Futuros estudios deberán calcular patrones de abundancia, 

tomando en cuenta las diferentes probabilidades de detección de las especies, para poder establecer 

estrategias de conservación  adecuadas.  

 

Implicaciones de conservación 

La presente tesis aporta información valiosa para diseñar paisajes amigables para la biodiversidad. Por 

ejemplo, parece que incrementar la cantidad de cobertura forestal en el paisaje es la estrategia más 

importante para mantener y mejorar la calidad del paisaje. La pérdida de cobertura forestal puede tener 

grandes impactos negativos, especialmente sobre las especies especialistas. Por esto, la prevención de la 

pérdida y degradación forestal, así como el mantenimiento y aumento de la cobertura forestal (mediante 

acciones de restauración) es vital para la conservación de las comunidades de mamíferos tropicales y 

deberá ser priorizado en los planes de manejo y conservación. En un artículo reciente se determinó que el 

mantenimiento de al menos 40% de la cobertura forestal podría asegurar la persistencia de la mayoría de 

las especies de bosque (Arroyo-Rodríguez et al. 2020). Además, es necesario mejorar la calidad de la 

matriz antrópica, disminuyendo la cantidad de áreas abiertas (sin árboles) y promoviendo matrices más 

similares al hábitat original, como por ejemplo con sistemas agroforestales, cultivos arbóreos (e.g. hule, 

árboles frutales), zonas de manejo forestal sostenible, corredores arbolados, etc. De manera adicional, es 

importante mantener y aumentar el número de parches en el paisaje (sin ocasionar la pérdida de cobertura 

forestal) y mantener la conectividad del paisaje. Algunas acciones para mantener y aumentar la 

conectividad y promover el movimiento entre parches son el establecimiento de corredores biológicos 

(Rosenberg et al. 1995, Fischer y Lindemayer 2007), la restauración de la vegetación, o el mantenimiento 

de una matriz similar a la vegetación original (Fischer y Lindemayer 2007). Todas estas acciones 

contribuirán al aumento en la disponibilidad de recursos y la conectividad del paisaje, beneficiando a las 

diferentes especies de mamíferos presentes en los bosques tropicales. Sin embargo, se deben realizar 

estudios que permitan diseñar estrategias diferenciadas de conservación y manejo, acordes al contexto 

particular de cada sitio.  
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Además de las acciones directas de manejo y conservación, es fundamental atender las causas 

subyacentes de la deforestación para poder lograr la conservación de los mamíferos tropicales y de la 

biodiversidad a nivel global. Una de la principales causas de la deforestación es el establecimiento de 

pastizales y la siembra de cultivos para alimento de ganado. Por esto, modificar los patrones de consumo 

y alimentación de la sociedad en general puede ayudar a evitar o disminuir la pérdida forestal. Por otro 

lado, las comunidades en la región tienen un alto nivel de pobreza, bajos niveles de educación y una falta 

de servicios básicos de salud. Esto representa una gran problemática para los bosques tropicales y su 

biodiversidad, ya que las comunidades buscan atender sus necesidades en los paisajes en los que viven, 

promoviendo la deforestación, la caza y la extracción de recursos forestales. Por lo tanto, es vital establecer 

estrategias de manejo que incluyan a las comunidades locales, junto con programas efectivos de educación 

ambiental, que contribuyan a la creación de una conciencia ambiental que favorezca la conservación de la 

biodiversidad.   
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